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Abstract 
Coastal and shelf systems are under increasing pressure from human activities. Many 

coastal systems currently suffer from excessive algae growth following increased 
nutrient input from land, a process called eutrophication. The algae eventually sink to the 
seafloor, where they are degraded, which consumes oxygen (O2). In severe cases, O2 can 
become depleted entirely, resulting in mass mortality of animals and substantial changes 
in the system’s chemical conditions. When the external nutrient input decreases, O2 
conditions should improve. However, feedback mechanisms that strengthen 
eutrophication and O2-depletion can lead to non-linear recovery. Processes that occur in 
the seafloor account for a considerable part of this non-linearity, as the shallow water 
depth in coastal systems leads to a strong coupling between processes in the water 
column and the sediments. Although we know much about the processes that cause 
eutrophication, we lack detailed and mechanistic knowledge about many of the feedback 
mechanisms that keep systems in a eutrophic state. Methods to mitigate coastal 
eutrophication are being developed, but due to the non-linearity response of many 
systems, the results of restoration efforts are difficult to predict. 

A marine system that exhibits strong, non-linear eutrophication feedbacks is the Baltic 
Sea. Efforts to reduce the nutrient load to the Baltic Sea over the last decades have been 
successful, yet the system remains eutrophic and suffers from severe O2 depletion. The 
main basins of the Baltic Sea differ substantially in environmental conditions as well as 
input rates and sources of organic matter, nitrogen and phosphorus. This spatial 
variability makes the Baltic Sea ideal for assessing factors that affect organic matter and 
nutrient cycling in sediment, which can determine the recovery trajectory for eutrophic 
systems. 

In this thesis, I use the Baltic Sea as a study site to investigate the role of sedimentary 
feedback mechanisms that regulate coastal eutrophication. I show that the shuttling of 
sediment particles can redistribute organic matter from shallow to deep parts of basins. 
The reactivity of organic matter depends on the nature of the compound and its 
environment. Therefore, particle shuttling substantially affects the pattern of O2 
consumption as well as degradation and burial of organic matter. I further show that 
natural oxygenation events can be insufficient to break the feedback between 
eutrophication and O2 depletion in long-term eutrophic systems where the sedimentary 
capacity to remove or retain nitrogen and phosphorus is decreased. Finally, I show that 
when placed in a suitable environment, mussel farms used for eutrophication mitigation 
only have a minor impact on the underlying sediment. However, in terms of 
eutrophication mitigation, other techniques may be more efficient than mussel farming. 
In conclusion, the results presented in this thesis inform us about sediment mechanisms 
that regulate eutrophication and can be used to find locally adapted solutions for systems 
around the world. 
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Sammanfattning 
Våra kustsystem utsätts för ett allt starkare tryck från mänskliga aktiviteter. Många 

kustnära system har drabbats av övergödning, det vill säga en ökad tillväxt av alger till 
följd av läckage av närsalter från land. När algerna dör och sjunker till havsbotten bryts 
de ner och syre konsumeras. I vissa system konsumeras allt syre, vilket leder till massdöd 
bland djur och omfattande förändringar av kemiska förhållanden i ekosystemet. Även när 
utsläpp av närsalter till kustsystem minskar, kan interna återkopplingsmekanismer 
behålla systemet i ett övergött och syrefritt tillstånd. Processer i sedimentet på 
havsbotten spelar en stor roll i dessa återkopplingsmekanismer, eftersom grunt 
vattendjup i kustsystem leder till starka kopplingar mellan processer i vattnet och 
sedimentet. Trots att vi vet mycket om de processer som orsakar övergödning, saknar vi 
detaljerad kunskap om många av de återkopplingsmekanismer som håller kvar system i 
ett övergött tillstånd. Olika metoder för att återställa övergödda system är under 
utveckling, men det är i många fall oklart hur kustsystem kommer att svara på dessa 
försök till restaurering.  

Ett övergött marint system som uppvisar starka och komplexa återkopplings-
mekanismer är Östersjön. Läckaget av närsalter från land till Östersjön har begränsats 
betydligt under de senaste åren, men det övergödda tillståndet kvarstår och syrebristen 
har inte minskat. Samtidigt skiljer sig miljöförhållanden och tillförseln av kol, kväve och 
fosfor mellan Östersjöns bassänger. Denna rumsliga variation gör Östersjön till ett 
intressant system för studier av faktorer som påverkar omsättningen av organiskt 
material och närsalter i sediment, processer som i sin tur inverkar på återhämtningen av 
övergödda system. 

I den här avhandlingen använder jag Östersjön som fallstudie för att undersöka 
sedimentets roll i återkopplingsmekanismer som driver övergödning. Jag visar att 
horisontell transport förflyttar organiskt material från grunda till djupa delar av 
havsbassängerna. Hur lätt nedbrytbart organiskt material är beror såväl på materialets 
sammansättning som på den miljö materialet befinner sig i. Horisontell transport 
påverkar därmed fördelningen mellan nedbrytning och begravning av organiskt material 
i sedimentet. Jag visar även att episoder av naturlig syresättning kan vara otillräckliga för 
att bryta återkopplingen mellan övergödning och syrebrist, då sedimentets förmåga att 
fungera som en sänka för kväve och fosfor minskar i system som varit övergödda under 
lång tid. Slutligen visar jag att musselodlingar som används för att motverka övergödning 
endast måttligt påverkar det underliggande sedimentet, under förutsättning att de 
placeras i rätt miljö. Som åtgärd för att minska övergödning kan andra metoder dock vara 
mer effektiva. Sammanfattningsvis visar resultaten i avhandlingen på flera sedimentära 
återkopplingsmekanismer som förstärker övergödning. Denna kunskap kan användas i 
system runt om i världen för att anpassa restaureringsförsök till lokala förhållanden.  
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1 Introduction 
In the summer of 1995, I was happily swimming around in the Baltic Sea. Like many of 

my childhood years, I was spending a few weeks with my grandparents, who rented a 
summer house in the beautiful archipelago of Stockholm. Although I disliked wading 
through the green soup of microscopic algae that occasionally appeared along the shores, 
I was blissfully unaware that my beloved Baltic Sea was known around the world for the 
issues relating to this goo. I knew nothing about leakage of fertilisers from land, harmful 
cyanobacteria blooms or large “dead” seafloor areas void of oxygen (O2). 

That same year, Nixon (1995) published a now-classic paper offering the following 
definition of the problem that the Baltic Sea was suffering from:  

 

“eutrophication (noun) – an increase in the rate of supply of organic matter1 to an 
ecosystem”.  
 

Increased algae growth in aquatic environments was seen as a positive process during 
the first half of the 1900s since this additional organic matter was assumed to feed larger 
fish stocks (Nixon 2009). However, by the middle of the century, it had been 
acknowledged that elevated nutrient input to freshwater environments could lead to 
excessive growth of algae, followed by consumption and depletion of O2 as the organic 
matter was degraded (Nixon 1995). It took another couple of decades before the broader 
research community realised that these problems also could occur in coastal marine 
environments (Cloern 2001). The first reports of eutrophication-related issues in marine 
systems came from the United States and were soon followed by similar observations 
from Europe and eventually the rest of the world (Nixon 1995; Cloern 2001). We now 
know that eutrophication and O2 depletion can cause substantial problems in marine 
systems and lead to the loss of essential ecosystem functions and services, such as 
fisheries (Middelburg and Levin 2009; Breitburg et al. 2018). 

Initially, the conceptual models of eutrophication in marine environments were 
strongly influenced by those developed for freshwater environments, generally assuming 
a linear response between stressor and effect – more nutrients, larger algae blooms and 
less nutrients, smaller algae blooms (Cloern 2001). However, over the last few decades, 
it has become clear that certain aspects of nutrient cycling differ considerably between 
freshwater and marine systems (Cloern 2001). Importantly, eutrophication feedbacks in 
marine systems result in relationships between stressors and effects that are far from 
linear (Duarte et al. 2009; Kemp et al. 2009). Processes that occur in sediments at the 
seafloor account for a considerable part of this non-linearity (Kemp et al. 2009; 
Middelburg and Levin 2009). In coastal systems, the shallow water depth leads to a 
strong coupling between processes in the water column and the sediment (Soetaert and 

                                                        
1 A vast group of carbon-based compounds that generally (but not always) are derived from or make up organisms. 
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Middelburg 2009; Fennel and Testa 2019), making coastal systems prone to non-linear 
responses to changes in nutrient input.    

A clear example of a marine system that exhibits strong, non-linear eutrophication 
feedbacks is the Baltic Sea. In the early 1980s, eutrophication and its effects were causing 
concern in countries around the Baltic Sea (Elmgren 2021). Efforts to reduce nutrient 
load to the Baltic Sea were successful. Yet nutrient concentrations in the water continue 
to be high, extensive cyanobacteria blooms occur every summer, and the O2 depleted area 
is one of the largest in the world (Carstensen et al. 2014). The remediation of 
eutrophication effects in the Baltic Sea is of great interest to the surrounding countries, 
not least due to the clear economic benefits. Reducing eutrophication could increase 
citizen welfare by 4 billion euros per year through increased fisheries and recreation 
(HELCOM 2018a). In addition to more local benefits, the Baltic Sea is a globally relevant 
system to study biogeochemical processes from a mechanistic perspective. The main 
basins of the Baltic Sea differ substantially in environmental conditions as well as input 
rates and sources of organic matter, nitrogen and phosphorus (e.g. Kuliński et al. 2021). 
In combination with a long tradition of environmental monitoring in the area 
(Leppäranta and Myrberg 2009), this spatial variability makes the Baltic Sea very suitable 
for assessing factors that affect organic matter and nutrient cycling in sediment. 

In this thesis, I use the Baltic Sea as a case study to investigate the role of 
sediments in coastal eutrophication. In section 2, I give a background to the 
importance of sediments in coastal biogeochemical cycles and introduce methods used 
to study the seafloor. I describe the general causes and effects of eutrophication before 
summarising our current knowledge of the situation in the Baltic Sea. In section 3, the 
aim of the thesis is stated. In section 4, I present the results of this thesis and how they 
move the field forward. Finally, in section 5, I discuss the environmental implications of 
the results before concluding and providing future perspectives in section 6. 

 

     Figure 1. Sunrise in the Eastern Gotland Basin, the Baltic Sea. 
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2 Background 
2.1 The seafloor 

The seafloor, also called the benthic zone, is a crucial link in the cycles of many 
biologically essential elements. Processes in the seafloor determine whether an element 
will continue to be available for biological use or if it will be stored in Earth’s interior for 
millions of years. As such, sediments regulate the living conditions on Earth. To 
understand how sediments play this pivotal role, it is necessary to start by looking at 
organic matter production in marine systems. In the sunlit part of the ocean, primary 
producers such as phytoplankton (algae and cyanobacteria) incorporate carbon dioxide 
(CO2, or dissolved inorganic carbon - DIC2) and nutrients into their biomass while 
producing O2 (Figure 2a). The generation of organic molecules by primary producers and 
subsequent consumption by organisms on higher trophic levels is thus the critical link 
between inorganic nutrients and the rest of the food chain. 

 
When organic matter is degraded, it is broken down into its constituent inorganic 

components. Much of the organic matter is degraded in the water column, and globally 
only about 5 % of the organic matter produced in the surface ocean reaches the seafloor 
(Middelburg 2019). However, this number can be substantially higher in shallow areas 
such as coastal systems due to high production of organic matter and a shorter sinking 

                                                        
2 Dissolved inorganic carbon (DIC) represents all components of the CO2 system: aqueous CO2, carbonic acid (H2CO3), 
bicarbonate ions (HCO3-) and carbonate ions (CO32-)(see e.g. Middelburg 2019). These compounds are in an equilibrium 
where the concentration of each compound is determined mainly by the pH, temperature and salinity of the solution. 
At the pH of seawater, ~8.1, HCO3- is the dominant species. However, DIC and CO2 will be used interchangeably 
throughout the text. 

Figure 1. Production and fate of organic matter. a) Photosynthesis, remineralisation of organic matter and long-term 
burial in the sediment. DIN = dissolved inorganic nitrogen, DIP = dissolved inorganic phosphorus. Solid arrows = 
consumption of compounds, dashed arrows = release. b) Electron (e-) flow during photosynthesis, the carbon in CO2 
(part of DIC) is reduced as it is incorporated into organic matter (here represented as CH2O). B) Oxidation of carbon in 
CH2O by O2, producing CO2 and H2O, respectively.  
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path (Dunne et al. 2007; Cisternas-Novoa et al. 2019). Material deposited on the seafloor 
is exposed to a range of chemical, physical and biological processes, collectively referred 
to as early diagenetic processes (Berner 1980). The proximity of different compounds 
creates an environment where the microbial activity is high and a multitude of chemical 
reactions can alter material, which has led sediments to be called ‘biogeochemical 
reactors’ (e.g. Aller 2004). During this early diagenetic processing, many elemental cycles 
interact and affect each other, ultimately impacting the balance between remineralisation 
and burial (Canfield et al. 2005; Burdige 2006; Aller 2014). 

A large fraction of the organic matter that reaches the sediment is degraded, and the 
inorganic components are returned to the overlying water (Figure 2a). The sedimentary 
contribution of nutrients to photosynthesising organisms can be substantial, especially 
in shallow systems where it can amount to 80% of the nutrient supply (Middelburg and 
Soetaert 2004). While much of the organic matter that reaches the seafloor is degraded, 
a generally small fraction (from 1 to several tens of percents of carbon; Burdige 2007) is 
buried as the sediment surface is gradually covered by more particles. Material is thereby 
transferred from active reservoirs (such as the ocean, the atmosphere and land), where 
elements are cycled relatively rapidly between different forms, to geological reservoirs 
with turnover times of millions of years. The balance between remineralisation and 
burial in sediments will thus affect the partitioning of elements between different 
environmental pools and affect, amongst other things, atmospheric CO2 concentration on 
long time scales. 

 
2.1.1 Biogeochemical cycles 

Biogeochemistry is an interdisciplinary field that deals with the interactions between 
biology, chemistry and geology (Bianchi et al. 2021). Two primary drivers of 
biogeochemical cycles are biomass construction and energy harvesting, which transform 
inorganic compounds to organic compounds and vice versa (Burdige 2006; Aller 2014).  

Carbon, nitrogen and phosphorus are key building blocks in organic molecules and are 
thus required by all organisms. Carbon is a ubiquitous element that acts as a skeleton in 
biological molecules. Nitrogen is part of crucial biomolecules such as DNA, amino acids 
and pigments. Phosphorus is used in ATP, the major energy “currency” of life, and DNA. 
Phytoplankton in the sunlit part of the ocean perform photosynthesis to fix carbon into 
biomass. In this process, light energy is used to oxidise (remove electrons from) the 
oxygen atom in water while reducing (move electrons to) the carbon in CO2 (Figure 2b). 
As a result, O2 and organic carbon are formed. Organisms that acquire carbon by fixing 
CO2, such as phytoplankton, are known as autotroph while organisms that require 
organic carbon as their carbon source are known as heterotrophs.  

Nitrogen and phosphorus are generally taken up in the forms of dissolved inorganic 
nitrogen (DIN; comprised of nitrate, NO3-, nitrite, NO2-, and ammonium, NH4+) and 
dissolved inorganic phosphorus (DIP) and are converted to organic nitrogen and 
phosphorus, respectively. Although most primary producers use DIN as their nitrogen 
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source, a small group of phytoplankton have the unique ability to fix nitrogen gas (N2). 
The nitrogen-fixing organisms thereby access a pool of nitrogen that is unavailable to 
most other organisms. Throughout the ocean, the average carbon-to-nitrogen-to-
phosphorus (C:N:P) ratio in phytoplankton biomass is around 106:16:1 (Redfield 1958). 
This ‘Redfield ratio’ can vary between phytoplankton species and growing conditions; 
however, it is frequently used to determine which element limits primary production 
(Gruber and Deutsch 2014). While carbon very rarely limits primary production, 75% of 
the ocean is nitrogen limited and phosphorus may also limit production in certain areas 
or at certain times (Ruttenberg 2014; Bristow et al. 2017).  

Just as all organisms need building blocks for their biomass, energy gaining processes 
are required for all life. Organisms gain energy by moving electrons from an electron 
donor to an electron acceptor, which could either be different molecules (respiration) or 
different atoms in the same molecule (fermentation; Canfield et al. 2005). Respiration of 
organic matter and associated reactions directly or indirectly drive much of the sediment 
biogeochemistry (Berner 1980; Burdige 2006). 

 
Organic carbon  

Carbon is not only an essential component of biomass for all life, many organisms also 
use carbon compounds in their respiration. Organic carbon degradation in sediments is 
mainly driven by respiration by bacteria and archaea (hereafter called microbes3; 
Burdige 2006; Middelburg 2018). These organisms gain energy from oxidising organic 
carbon to CO2, using a range of electron acceptors (Figure 2c; Froelich et al. 1979). The 
amount of energy the organism gains from this process largely depends on which 
electron acceptor is used. Most energy is gained when organic carbon is oxidised by O2 
(Figure 2c, Table 1). In the absence of O2, the most favourable electron acceptors to 
oxidise organic matter are NO3-, manganese oxides (e.g. MnO2), iron oxides (e.g. FeOOH) 
and lastly sulphate (SO42-), in order of decreasing energy yield. When these electron 
acceptors are depleted, fermentation of organic carbon to methane (CH4) becomes 
energetically favourable.  

The usage of different electron acceptors thus takes place in a sequence, based on how 
much energy is produced (Table 1; Froelich et al. 1979). In a system, the highest energy-
yielding acceptor is used until depleted before moving down the sequence. This leads to 
a sediment depth distribution of the processes in the diagenetic sequence that mirrors 
their energetic efficiency, since more favourable electron acceptors are depleted closer 
to the sediment surface (Canfield et al. 2005; Burdige 2006; Aller 2014). However, 
depending on the exact composition of the electron donor and electron acceptor and 
environmental conditions such as pH, the energy gain from the reactions in Table 1 can 

                                                        
3 The word “microbe” refers to all organisms that are too small to see with the naked eye, including small eukaryotes. 
However, since bacteria and archaea generally are completely dominant in the degradation of organic matter in 
sediments and also display a broader range of respiration reactions, the term will be used interchangeably with 
bacteria and archaea in the rest of the text. 
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source, a small group of phytoplankton have the unique ability to fix nitrogen gas (N2). 
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3 The word “microbe” refers to all organisms that are too small to see with the naked eye, including small eukaryotes. 
However, since bacteria and archaea generally are completely dominant in the degradation of organic matter in 
sediments and also display a broader range of respiration reactions, the term will be used interchangeably with 
bacteria and archaea in the rest of the text. 
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differ and reactions may overlap (Canfield and Thamdrup 2009; LaRowe and Van 
Cappellen 2011).  

 

 
Most of the reduced products from organic matter oxidation can be re-oxidised by 

electron acceptors from “higher” steps in the diagenetic sequence. For example, hydrogen 
sulphide (H2S) can be re-oxidised by iron oxides, producing SO42- and Fe2+. In sediments 
underlying oxic water, the reduced products from organic carbon oxidation can thus be 
reoxidised by O2, meaning that over longer time scales (e.g. a year), the consumption of 
O2 and production of CO2 is equal (Glud 2008). However, exceptions include N2 
production and any reduced species that precipitate to solid forms and are buried, which 
may be the case with Fe2+ and H2S that react to form iron sulphides (FeS or FeS2). 

Several factors affect how large a fraction of sedimentary organic carbon that becomes 
oxidised (Arndt et al. 2013; Bianchi et al. 2018; LaRowe et al. 2020). A dominating factor 
is the composition of the organic carbon compound itself. Depending on their structures, 
compounds provide microbes with different amounts of energy when oxidised, typically 
leading to preferential degradation of highly energetic compounds (Arndt et al. 2013). 
The chemical structures also cause terrestrial organic matter to be less readily degraded 
in the marine environment than organic matter of marine origin (Burdige 2005). 
Alternatively, prior diagenetic processing may alter the structure of the organic carbon 
compounds and make “older” material less reactive (Gupta et al. 2007; Zonneveld et al. 
2010).  

Furthermore, oxygen conditions can impact the microbial degradation of organic 
matter. Certain types of organic matter seem to be oxidised more rapidly in oxic 
conditions than anoxic conditions (Hulthe et al. 1998; Arndt et al. 2013; Bianchi et al. 
2018). This phenomenon may be due to some complex carbon compounds requiring the 
substantially larger energy gain from using O2 as an electron acceptor, or by the 
generation of oxygen-based free radicals that can work as co-factors in extracellular 
enzymes (Burdige 2007; Reimers et al. 2013; LaRowe et al. 2020). Environmental factors 
also influence organic matter degradation. Physical protection of organic matter by 
association with mineral particles (Hemingway et al. 2019) or reaction with iron 
(Lalonde et al. 2012) may decrease degradation rates. It has been further suggested that 

Table 1. The diagenetic sequence. Reactions in decreasing order of energy gain from oxidation of one mol of glucose 
(C2H12O6) (Stumm and Morgan 1996; Burdige 2006). *The reaction shown is denitrification but could also be other 
nitrate reduction processes, see section below.  
Diagenetic pathway Chemical reaction ΔG° (kJ per mol C2H12O6) 

Aerobic respiration C6H12O6 + 6O2 → 6CO2 + 6H2O -2.82 

Nitrate reduction* C6H12O6 + 4/5NO3- + 4/5H+ → CO2  + 2/5N2 + 7/5H2O  -2.66 

Manganese reduction C6H12O6 + 2MnO2 + 4H+ → CO2 + 2Mn2+ + 3H2O -2.38 

Iron reduction C6H12O6 + 4FeOOH + 8H+ → CO2 + 4Fe2+ + 7H2O -0.79 

Sulphate reduction C6H12O6 + 1/2SO42- + H+ → CO2 + 1/2H2S  + H2O -0.45 

Methanogenesis C6H12O6 → 1/2CH4 + 1/2CO2 -0.30 
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the degradation of old, refractory organic matter may increase when mixed with fresh 
material, a process called ‘priming’ (van Nugteren et al. 2009; Bianchi 2011). Hence, the 
reactivity of organic carbon is a combination between the compound, its environment 
and the abilities of the microbial community. 

 
Nitrogen 

While all organisms need nitrogen to build biomass, some microbes can also use 
nitrogen compounds in respiration processes, as either electron donors or electron 
acceptors (e.g. Table 1). Therefore, the cycling of nitrogen compounds is strongly 
influenced by O2 conditions, which activate and suppress the aerobic and anaerobic 
processes that make up the nitrogen cycle (Canfield et al. 2005; Thamdrup and Dalsgaard 
2008; Kuypers et al. 2018).  

In both oxic and anoxic environments, NH4+ is produced as organic nitrogen is 
degraded (Figure 3). In oxic sediment layers, this NH4+ can be oxidised via NO2- to NO3- 
by O2 through nitrification (Figure 3A). Under certain circumstances, such as low O2 
concentrations, the strong greenhouse gas nitrous oxide (N2O) can be produced as a by-
product (Babbin et al. 2015). Any NO3- that diffuses to the deeper, anoxic parts of the 
sediment can be used in one of three microbially-mediated NO3- reduction processes: 
denitrification, anaerobic ammonium oxidation (anammox) and dissimilatory nitrate 
reduction to ammonium (DNRA).4 Denitrification is a step-wise reduction of NO3- via N2O 
to N2, using organic carbon or inorganic molecules such as H2S or Fe2+ as electron donors 
(Devol 2015). Anammox is the reduction of NO3- to N2 using NH4+ as the electron donor 
by autotrophic bacteria (Van de Graaf et al. 1995; Dalsgaard et al. 2005). Since they 
produce N2, denitrification and anammox act as sinks for bioavailable nitrogen. In 
contrast, organisms that carry out DNRA keep bioavailable nitrogen in the system by 
reducing NO3- to NH4+ using organic carbon or inorganic molecules such as H2S or Fe2+ as 
electron donors (Giblin et al. 2013; Robertson et al. 2016).  

In organic matter-poor environments, anammox can contribute up to 80% of the total 
N2 production (Dalsgaard et al. 2005). However, the process is generally of minor 
importance in coastal sediments since it is outcompeted for NO3- by heterotrophic 
denitrification in these often organic matter-rich environments (Devol 2015; however 
see Bonaglia et al. 2017 and van Helmond et al. 2020). Organic matter also plays a role in 
the partitioning between denitrification and DNRA (Giblin et al. 2013; Kessler et al. 2018). 
Since more electrons are transferred per mol of NO3- during DNRA (Tiedje et al. 1983), 
this process is favoured in environments with high availability of electron donors relative 
to NOx- despite denitrification yielding more energy per electron (Kraft et al. 2014; 
Hardison et al. 2015; van den Berg et al. 2015). In marine sediments rich in organic matter 

                                                        
4 Technically, NO2- is reduced in anammox and DNRA, not NO3- (Canfield et al. 2005; Kuypers et al. 2018). Since this 
difference does not affect the discussion in the thesis, these processes will be described as reducing NO3- for the sake 
of simplicity. 
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and with higher sulphate availability, the concentration of H2S is generally also higher, 
even in surface layers. Many organisms that carry out DNRA also oxidise H2S (Fossing et 
al. 1995; Sayama et al. 2005) and may be more tolerant to the compound. However, H2S 
can inhibit anammox and denitrification, affecting enzyme activities and potentially 
causing accumulation of N2O (Sørensen et al. 1980; Senga et al. 2006; Jensen et al. 2008). 

Although the NO3- reduction processes generally require O2-free conditions, they are 
indirectly dependent on O2 for the production of NO3- through nitrification. Hence, when 
O2 is depleted in the water column (Figure 3b), the supply of NO3- to these three NO3--
reducing pathways in underlying anoxic sediments is impeded. The sink for bioavailable 
nitrogen constituted by denitrification and anammox is therefore absent in anoxic 
sediments, and NH4+ from organic matter degradation can diffuse from the sediment to 
the water column. 

  
 
Phosphorus 

During the degradation of organic matter, DIP is released. The release of phosphorus 
relative to carbon and nitrogen is higher than predicted by the Redfield ratio, likely due 
to a higher carbon-to-phosphorus ratio in the biomass of heterotrophic bacteria than in 
phytoplankton (Hoppe 2003; Steenbergh et al. 2011, 2013). Under oxic conditions, much 
of the DIP is adsorbed onto iron and manganese oxides (Mortimer 1941; Yao and Millero 
1996; Jilbert and Slomp 2013a) and is thereby retained in the sediment (Figure 3a). 
Burial or advective transport by bioturbation can transfer the iron and manganese oxides 
and associated DIP to the anoxic part of the sediment. There, the oxides are reductively 
dissolved either by H2S or by microbes which use them as electron acceptors during the 
oxidation of carbon (Table 1). Any associated DIP is released and can either re-adsorb 
onto other iron and manganese oxides in the surficial sediment or escape to the water 
column (Ruttenberg 2014). If the bottom water is anoxic, there are no iron and 

Figure 2. Simplified descriptions of the fates of phosphorus and nitrogen in sediments below A) an oxic water column 
and B) an anoxic water column. Dotted lines – transport, thin solid lines – chemical processes, thick solid lines – burial, 
orange polygons – iron and manganese oxides, grey polygons – phosphorus minerals. Nitrogen processes: (1) 
nitrification, (2) denitrification, (3) anammox, (4) DNRA.  

 

9 

manganese oxides to trap DIP in the sediment. As such, the sedimentary release of DIP 
tends to be elevated in O2-depleted environments (Figure 3b; Mcmanus et al. 1997). 
Hence, although phosphorus is not used in respiration, its cycling is indirectly affected by 
oxidation-reduction reactions and O2 concentrations. 

Deeper in the sediment, the release of DIP from organic matter degradation and iron 
and manganese oxide dissolution may cause the DIP concentrations to reach a level that 
induces precipitation of phosphorus-containing minerals. Authigenic carbonate 
fluorapatite is formed in large parts of the ocean and is believed to be an important 
phosphorus burial phase globally (Ruttenberg and Berner 1993; Slomp et al. 1996; 
Ruttenberg 2014). In sediments with high concentrations of Fe2+, vivianite formation can 
occur (Rothe et al. 2016). The process is thought to be especially important in low-salinity 
areas, where low production of H2S limits iron sulphide formation and more Fe2+ is 
available (Egger et al. 2015; Dijkstra et al. 2016). Furthermore, some organic phosphorus 
escapes degradation and is buried. In areas with high organic matter loading, organic 
phosphorus can be an important burial phase due to increased organic matter burial 
rates (Jilbert et al. 2011).  

 
2.1.2 Methods for studying sediments 

To trace the fate of elements deposited on the sediment, information is needed about 
the total sedimentary inventory of specific compounds (pool sizes) and how rapidly 
elements are transferred between pools (process rates). A multitude of methods has been 
developed to measure pool sizes and process rates at different time scales and 
resolutions. The methods used in this thesis target the removal (burial, denitrification) 
and recycling (sedimentary release) of elements. 

 
Sediment sampling 

Sediments function as archives since particles deposited on the sediment surface will 
be covered by new particles and buried with time. Although diagenetic processes 
transform compounds, the chemical composition of a specific sediment layer can often 
inform about the conditions under which it was deposited.  

Sediment cores (Figure 4a) are collected to measure the concentrations and vertical 
distributions of different compounds throughout the sediment, either in the solid phase 
or in the pore water (water in between the sedimentary particles). The core is sectioned 
vertically and the slices are analysed for compounds of interest, which gives chemical 
depth profiles (Figure 4b). Simplified, compounds that are being consumed in the 
sediment (e.g., organic matter) have concentration profiles that decrease with depth, 
while compounds that are being produced in the sediment (e.g., DIC) have concentration 
profiles that increase with sediment depth. Pore water is often extracted from the sliced 
sediment, but microsensors can measure high-resolution concentration profiles of some 
compounds (Jensen et al. 1994). 
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In coastal environments, most early 
diagenetic reactions occur within the first 
few centimetres (or even millimetres) of 
the sediment (Burdige 2006; Aller 2014). 
Hence, at a certain depth, the 
concentration profiles of different 
compounds stabilise and it can be 
assumed that very little change will occur 
to the compound in question. This stable 
concentration is the burial concentration. 
In some cases, the total amount of an 
element in the solid phase is of interest 
(total carbon, nitrogen or phosphorus). In 
other cases, more detailed information is 
needed about in what form the element is 
present, for example to estimate the burial 
stability of an element. Sequential 
extractions are then required. A simple 
example is the analysis of carbon; a sample 
with total carbon can be exposed to acid 
fumes to remove any inorganic carbon, 
after which the sample is analysed for organic carbon, and the inorganic fraction is 
obtained by difference (Verardo et al. 1990). A more complex example is the sequential 
extraction of phosphorus (SEDEX; Ruttenberg 1992; Slomp et al. 1996), where five 
different phosphorus fractions (exchangeable or loosely sorbed, iron-bound, authigenic 
apatite, detrital apatite, organic phosphorus) are obtained by successively exposing the 
sediment to more aggressive chemicals. 

To calculate the burial rate, burial concentrations are multiplied by the sediment 
accumulation rate. Sediment accumulation rates are calculated from measurements of 
particle reactive (i.e. adsorbs to particles) radionuclides, such as lead-210 (210Pb) and 
caesium-137 (137Cs; Garcia-Tenorio et al. 2020). Since these radionuclides adsorb to 
particles in the water column, their decay causes a concentration decrease with sediment 
depth, which allows dating of the sediment since the half-lives (decay times) of these 
radionuclides are known. This dating of sediment allows calculation of how rapidly 
sediment is accumulated.       

 
Benthic solute fluxes 

The exchange of solutes between sediment and water can tell us how rapidly 
sedimentary processes produce or consume compounds. The solute exchange is 
measured as a flux, transfer of a specific mass per unit area and unit time. Sediment-water 
fluxes can be divided into two components: diffusive and advective. Diffusive fluxes are 
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driven by concentration differences, whereby the random motions of molecules causes a 
net transport of compounds from an area of higher concentration to an area of lower 
concentration. Advective fluxes are caused by movements of water parcels, e.g., as a result 
of animals pumping water (bioirrigation) or of currents or tides pushing water through 
permeable sediments. Several different methods have been developed to estimate 
sediment-water fluxes. These methods are generally based on one of three principles; 
eddy covariance, fluxes calculated from solute concentration gradients, and fluxes 
measured directly in sediment incubations.  

Eddy covariance is based on simultaneous rapid sensor measurements of a solute and 
vertical water velocities at the same point above the seafloor (Berg et al. 2003, 2022). The 
greatest advantages of this method are that it is non-invasive and can be used to measure 
solute fluxes from hard substrates. However, these measurements can only be performed 
on solutes for which there are sensors that can measure at a high enough temporal 
resolution, which currently is limited to O2 (Berg et al. 2003). 

Fluxes can be calculated from solute concentration gradients from pore water profiles 
obtained from sectioned sediment cores (Figure 5a; Berg et al. 1998) and high-resolution 
pore water profiling with microsensors (Jensen et al. 1994), or from gradient 
measurements in near-bottom water (Holtappels et al. 2011). These methods are 
generally easy to use but may underestimate the true fluxes. Since most processes near 
the sediment-water interface occur at sub-millimetre scales (Gao et al. 2015), the 
accuracy of gradients obtained from sectioned sediment cores or near-bottom water may 
be compromised by low vertical resolutions, causing the flux to be underestimated 
(Sundby et al. 1986; Noffke et al. 2012; Nilsson et al. 2019; van de Velde et al. 2020b). 
Although high-resolution pore water profiles obtained by microsensors do not suffer 
from this issue, they are limited to a few solutes for which there are sensors (currently in 
general use are O2, H2S and N2O sensors; Revsbech 1989; Kühl et al. 1998; Andersen et al. 
2001). Moreover, pore water gradients only account for the diffusive part of the flux, 
which is an issue in areas where bioirrigation contributes substantially to the flux (van 
der Loeff et al. 1984).  

In sediment flux incubations (Figure 5b), sediment and overlying water are isolated in 
a lab (Bonaglia et al. 2014; Ekeroth et al. 2016) or at the seafloor (i.e. in situ, in benthic 
chambers; Berelson and Hammond 1986; Dale et al. 2014; Kononets et al. 2021). As there 
is no exchange of water or particles between the chambers and the surrounding 
environment, any changes in solute concentration within the chamber can be attributed 
to reactions occurring in the incubated sediment. It is assumed that the contribution from 
processes in the overlying water is negligible. In situ incubations decrease the risk of 
manipulation artefacts, such as changes in temperature or O2 concentrations. Chamber 
incubations are also seen as more advantageous than core incubations for measurements 
of biogeochemical effects of animals since the generally larger chambers are less likely to 
exclude larger animals, and animals have been shown to become less active in cores (Glud 
et al. 2003; Hammond et al. 2004). However, since the aim of sediment incubations is to 
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isolate a discrete section of sediment from the rest of the environment, they are not 
suitable for permeable sediments where currents or tides advectively push water 
through the sediment. At sites with stagnant bottom water, stirring of the bottom water 
can erode the diffusive boundary layer, which has been shown to increase the sediment 
O2 uptake (Hall et al. 1989; Glud et al. 2007). Changes in the thickness of the diffusive 
boundary layer may also affect the benthic release of DIC and nutrients, but this has to be 
confirmed in future studies. 

This thesis largely builds on sediment-water solute flux data collected using the 
Gothenburg benthic chamber landers (Figure 6a; Kononets et al. 2021). The big and small 
landers hold four and two incubation chambers (Figure 6b), respectively. The landers are 
left on the seafloor for some time (~14-36 hours in most coastal or shelf areas), where 
each chamber encloses 400 cm2 of sediment and overlying water. Paddle wheels gently 
stir the overlying water to ensure that concentration gradients do not build up within the 
chambers. Conditions within the chambers are continuously monitored with turbidity 
sensors, O2 optodes, and temperature and conductivity (salinity) sensors. Chamber 
volumes are determined from a slight drop in salinity following injection of Milli-Q water 
(60 mL, ~0.5-1% of the chamber volume). At pre-set times, nine syringes in each chamber 
collect samples from the overlying water. Upon recovery, the water from the syringes is 
collected, and the concentrations of compounds of interest are analysed immediately or 
preserved for later analysis. 

 

Figure 4. Conceptual description of how to measure and calculate sediment-water fluxes from a) pore-water profiles 
and b) sediment incubations. φ = sediment porosity, DS = bulk sediment diffusion coefficient, C = concentration, z = 
sediment depth, t = time, V = volume of incubated water, A = area of incubated sediment, H = height of incubated 
water. 
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Nitrate reduction rate measurements 

Two main methods are currently used to measure NO3- reduction rates: the N2:argon 
(Ar) method and the isotope pairing technique (IPT). The N2:Ar method is based on 
measurements of changes in the N2 concentration relative to the inert gas argon (Kana et 
al. 1994). The measurements show the net N2 change in the system, including any N2 
fixation. The N2:Ar method is well-suited for systems where the total change in the fixed 
nitrogen pool is of interest. However, the method cannot identify DNRA or separate the 
contribution from individual N2 producing processes (denitrification and anammox).  
Furthermore, longer incubation times are needed when using the N2:Ar method, with a 
higher risk of O2 depletion in the incubated sediment and water (Eyre et al. 2002). 

In this thesis, NO3- reduction rates have been measured using the IPT (Nielsen 1992). 
Since nitrogen-14 (14N) comprises 99.6% of N in the environment, the addition of 
nitrogen-15 (15N) to a system followed by measurements of the isotope composition in 
different N pools allows calculation of process rates. The isotope pairing technique (IPT) 
and its revisions allow for the calculation of denitrification, anammox and DNRA after 
addition of 15NO3- to the bottom water in sediment incubations and measurement of 
labelled end products (29N2, 30N2, 15NH4+; Nielsen 1992; Risgaard‐Petersen et al. 2003; 
Song et al. 2016). The IPT and its revisions are built on three main assumptions (Nielsen 
1992; Risgaard‐Petersen et al. 2003; Song et al. 2016): 1) the process is NO3- limited, 2) 
ambient and added NO3- is homogenously mixed throughout the NO3- reduction zone, and 
3) the production of labelled N2 species is binomially distributed. Rate measurements 
with the IPT are generally conducted using intact sediment in core incubations (Risgaard‐
Petersen et al. 2003; Song et al. 2016) or benthic chamber landers (Nielsen and Glud 

Figure 5. Description of benthic chamber landers. a) The big lander (including outer flotation frame and weights for 
autonomous operation) during deployment in the Baltic Sea. Photo by Amanda Nylund. b) Detailed drawing of a 
chamber module, from Kononets et al. (2021).  
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1996; De Brabandere et al. 2015; Bonaglia et al. 2017). In situ methods are especially 
useful in environments with low O2 concentrations since contamination of O2 during 
handling of sediment cores may affect the NO3‐ reduction rates (Robertson et al. 2019). 
To estimate the relative contribution of anammox to the total NO3‐ reduction, incubations 
of mixed sediment and water (sediment slurries) with added 15NH4+ are conducted 
(Thamdrup and Dalsgaard 2002; Risgaard‐Petersen et al. 2003).  

The IPT has been used to measure NO3‐ reduction rates in various systems, but certain 
conditions can compromise the method. A common issue is environments that prevent 
homogeneous mixing of added and ambient NO3‐, resulting in underestimated 
denitrification rates (Robertson et al. 2019). In bioturbated sediments, burrow structures 
can cause non‐homogeneous mixing of the added and ambient NO3‐ (Ferguson and Eyre 
2007). Some microbes can store large amounts of NO3‐ in their cells and thereby 
constitute pockets of unlabelled NO3‐ (McHatton et al. 1996; Kamp et al. 2015). When 
microalgae are present on the seafloor, they may take up the added NO3‐ and prevent it 
from diffusing into the sediment (Robertson et al. 2019). In these systems, a combination 
of N2:Ar, IPT and other methods may be more suitable for determining environmentally 
meaningful process rates. 

 
2.2 Eutrophication and oxygen depletion in coastal areas 
2.2.1 Causes and effects 

Eutrophication can be caused by direct input of reactive dissolved or particulate 
organic matter to aquatic ecosystems through, for example, wastewater discharge (Smith 
et al. 1987; Soetaert et al. 2006). More commonly, however, eutrophication is caused by 
an increased input of nutrients, which in turn enhances phytoplankton growth (Nixon 
1995; Kemp et al. 2009). The primary anthropogenic source of nutrients to the ocean is 
agriculture (use of synthetic fertilizers, cultivation of legumes, animal husbandry, 
deforestation), followed by combustion of fossil fuels, wastewater discharge and finfish 
aquaculture (Ruttenberg 2014; Malone and Newton 2020). Nutrient release to the ocean 
can also take place via point sources, such as wastewater outlets (Kemp et al. 2009), or 
diffuse sources, including atmospheric deposition (Jickells et al. 2017) and submarine 
groundwater discharge (Santos et al. 2021).  

Eutrophication results in a range of problems in the marine environment, such as more 
frequent blooms of harmful (toxin‐producing) algae (Glibert 2017) and loss of seagrass 
meadows or corals due to algal overgrowth (Burkholder et al. 2007; Wear and Thurber 
2015). However, the arguably most detrimental effect of eutrophication is O2 depletion 
(Diaz and Rosenberg 2008; Breitburg et al. 2018). When the supply of organic matter in 
a system is high, the consumption of O2 during degradation of sinking organic matter can 
exceed the rate of O2 replenishment. In such situations, O2 is depleted in the bottom water 
and hypoxia (low O2 concentrations, <63 µM O2) or even anoxia (0 µM O2) can occur 
(Middelburg and Levin 2009). Many coastal and shelf systems are sensitive to O2 
depletion due to a combination of high organic matter supply (high O2 consumption) and 
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restricted water mixing (lack of O2 replenishment; Fennel and Testa 2019). Low O2 
concentrations can alter the behaviour of animals, have negative effects on their 
reproduction, increase their susceptibility to diseases and affect migration patterns 
(Breitburg et al. 2018). Anoxia causes a complete loss of fauna due to migration or death 
(Steckbauer et al. 2011). Depletion of O2 also fundamentally changes the sedimentary 
cycling of several elements, often leading to enhanced recycling of nutrients (section 
2.1.1), which may drive the system to an even more eutrophic state (Duarte et al. 2009; 
Kemp et al. 2009; Middelburg and Levin 2009). 

Human‐induced eutrophication has caused O2 depletion to spread in many parts of the 
world since the mid‐1900s (Diaz and Rosenberg 2008; Breitburg et al. 2018). Over the 
last 80 years, hypoxia has been reported from over 500 coastal sites, whereas only 10% 
of these systems were known to be hypoxic before 1950 (Figure 7; Breitburg et al. 2018). 
Most commonly, systems experience seasonal hypoxia during the summer months, when 
primary production is high and the water column is stratified due to elevated surface 
temperatures and high freshwater input in spring (Fennel and Testa 2019). However, in 
some systems, O2 depletion is a permanent (or at least perennial) feature (Kemp et al. 
2009).  

 

Figure 7. Coastal systems recorded to be affected by eutrophication in 2011, data from Diaz et al. (2011). The map was 
created using ArcMapTM (v. 10.7, Esri). 

 
2.2.2 Feedback mechanisms 

The changes that occur in eutrophic marine systems often instigate biogeochemical 
feedback mechanisms that strengthen eutrophication and O2‐depletion. Nutrient 
enrichment stimulates organic matter production, causing depletion of O2 in the bottom 
water and a subsequent increase of the sedimentary nutrient release, which continues to 
sustain a high primary production (Conley et al. 2009b; Kemp et al. 2009; Middelburg and 
Levin 2009). The accumulation of organic matter is also generally higher in anoxic 
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environments since certain compounds are degraded slower in the absence of O2 (Hulthe 
et al. 1998; Arndt et al. 2013; LaRowe et al. 2020). Upon reoxygenation, degradation of 
accumulated material may elevate the sedimentary O2 demand, thus driving the system 
back toward O2 depletion (Turner et al. 2008; Conley et al. 2009b). A similar “O2 debt” is 
caused by the accumulation of reduced compounds (e.g. NH4+, H2S, Fe2+) formed during 
organic matter degradation (Conley et al. 2009b; Kemp et al. 2009; Middelburg and Levin 
2009). These compounds may chemically react with O2 (H2S, Fe2+) or be consumed by 
aerobic microbial processes (i.e. NH4+ through nitrification). 

In addition to the more direct chemical changes, coastal systems suffering from 
eutrophication and O2 depletion also undergo ecosystem changes that act as positive 
feedbacks. The loss of animals in O2‐depleted areas causes bioturbation (particle mixing 
and water pumping by animals) to cease. This can increase organic matter preservation, 
and thereby the “O2 debt”, in the sediment since bioturbation is thought to enhance 
organic matter degradation (Aller and Aller 1998; van de Velde et al. 2020a). Burrowing 
animals also mix particles and solutes from different sediment depths, enabling iron and 
manganese to undergo continuous oxidation‐reduction cycles (Thamdrup et al. 1994; van 
de Velde et al. 2020a). In sediments without bioturbation, reoxidation of dissolved iron 
and manganese is restricted to a thin layer at the sediment surface, meaning that the 
regeneration of metal oxides is hampered, and they act as a less efficient barrier for DIP 
diffusing to the water column. Loss of seagrass due to algal overgrowth can lead to 
decreased water clarity, changes in the sediment composition and higher current 
exposure, making it more difficult for seagrass to re‐establish (Maxwell et al. 2017). 
Seagrass meadows may enhance nitrogen burial and denitrification (Eyre et al. 2016; 
Reynolds et al. 2016; Aoki et al. 2020), meaning that seagrass loss could decrease 
nitrogen removal. 

Due to these feedback mechanisms, systems may respond differently to attempts to 
reduce eutrophication (Figure 8; Duarte et al. 2009; Kemp et al. 2009). In systems where 
the point‐source input of labile organic matter drives hypoxia, large reductions of this 
input have led to rapid and linear improvements (Figure 8a; Kemp et al. 2009 and 
references therein). However, if nutrient input is the main driver behind eutrophication 
and hypoxia, the system response to decreases in external nutrient input is often more 
complicated (Kemp et al. 2009). This difference is believed to be due to a direct decrease 
in O2 consumption as the input of organic matter decreases, whereas a reduction in 
nutrient input first has to cause a decrease in primary production which subsequently 
decreases the O2 consumption.  

Several response trajectories of ecosystem state (e.g. O2‐depleted area, chlorophyll a 
concentrations) to external load of nutrients or organic matter have been described 
(Figure 8; Duarte et al. 2009; Kemp et al. 2009). Systems that show linear or threshold 
responses (Figure 8a,b) follow the same trajectory during the increase and decrease in 
pressure, meaning that a specific decrease in nutrient input is expected to lead to a return 
to previous conditions. However, in cases where substantial changes have occurred to the 
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biogeochemical cycles or ecosystem structure, the system may follow a different 
trajectory during decreased than during increased nutrient input. A hysteresis response 
(Figure 8c) may ensue when animals have been lost due to O2 depletion (Middelburg and 
Levin 2009; Steckbauer et al. 2011). Migration and death of fauna occur over hours or 
days, while recolonization of re-oxygenated areas may take months or years. 
Furthermore, there is generally a time lag from the onset of eutrophication-driven O2 
depletion and restoration efforts. During this time, other pressures such as overfishing, 
the introduction of invasive species or climate change may have caused fundamental 
shifts in the ecosystem (Duarte et al. 2009). These baseline shifts can prevent a return to 
previous conditions even if the nutrient input is reduced (Figure 8d,e; Kemp et al. 2009). 

The combined changes to ecosystems that experience eutrophication and O2 depletion 
mean that the nutrient input may have to be decreased to a greater degree than to a “pre-
eutrophication” level, and sustained over a longer time, for a system to recover (Conley 
et al. 2009b; Duarte et al. 2009; Kemp et al. 2009). Although the general processes that 
occur in eutrophic coastal areas are relatively well defined, the interactions between 
biogeochemical cycles, primary producers and animals are unique to each system. As 
such, system-specific solutions are required to tackle eutrophication (Cloern 2001; 
Carstensen et al. 2011). 

 
2.2.3 Restoration and sea-based mitigation techniques 

Clearly defined goals are essential for the successful restoration of ecosystems and 
influence the choice of mitigation technique (Clewell and Aronson 2006; Choi 2007). Is 
the purpose to return the ecosystem to a previous natural state, or is it to regain specific 
ecosystem services? To “restore” an ecosystem can have markedly different meanings for 
interested parties. The rationale behind restoration is dominated by two contrasting 
views (Clewell and Aronson 2006). In the first view, humans are separate from nature 
and restoration is imposed on nature to secure societal interests. Alternatively, humans 
are part of nature and restoration is seen as beneficial and restorative to both the 
ecosystem and society. These views impact decisions about what should be achieved and 
how restoration should be done. In addition to philosophical differences, practical issues 
affect which restoration methods that may be suitable. Nature is not static and external 

Figure 6. Theoretical trajectories describing ecosystem responses to external loads of nutrients or labile organic matter. 
Based on Kemp et al. (2009).  
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environments since certain compounds are degraded slower in the absence of O2 (Hulthe 
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changes may have made it impossible to return to a previous state (shifting baselines) 
(Duarte et al. 2009). Likewise, it has been argued that restoration should future-proof 
systems against climate change and other impending challenges (Choi 2007). Possible 
societal injustice resulting from restoration also has to be considered (Law et al. 2018). 

So far, actions to mitigate coastal eutrophication have principally focused on 
decreasing the nutrient input from land (Duarte and Krause-Jensen 2018). Yet strong 
feedback mechanisms have slowed down the recovery in many systems, preserving the 
eutrophic state. In response to this, sea-based restoration techniques have received 
attention as means to tackle the problems where they occur (Stigebrandt and Gustafsson 
2007; Rydin et al. 2017; Duarte and Krause-Jensen 2018). However, the feasibility and 
cost-effectiveness of sea-based methods have called into question their viability (Conley 
et al. 2009a). 

 
Forced oxygenation 

Forced oxygenation includes different technological solutions to keep the bottom 
water and surface sediment oxic, to keep the seafloor habitable for animals and sustain 
the biogeochemical processes that remove bioavailable nutrients. The method has been 
used in lakes since the 1960s with the main purpose to increase the sedimentary 
phosphorus retention, although results have been mixed (Gächter and Müller 2003; 
Preece et al. 2019). Oxygenation is often achieved by pumping water between layers or 
bubbling with gas to decrease the stratification and increase the natural mixing 
(Rantajärvi et al. 2012; Harris et al. 2015; Stigebrandt et al. 2015), but direct injection of 
O2 also occurs (U.S. Army Corps of Engineers 2021). The oxygenation systems can be run 
continuously or just during the summer months, when increased temperature and higher 
deposition of organic matter results in lower O2 concentrations. The climate impact and 
cost of running the water pumps depend on the energy source used (Baresel et al. 2014). 
Electric energy is the most common energy source (Ouchi et al. 2008; Rantajärvi et al. 
2012; Baresel et al. 2014; Stigebrandt et al. 2015), but solar power (Ouchi et al. 2008) and 
wave power (Baresel et al. 2014) have also been used.  

Forced oxygenation is currently used in the USA (Harris et al. 2015; U.S. Army Corps 
of Engineers 2021) and China (Ouchi et al. 2008), and has been tested at different 
locations around Sweden (Rantajärvi et al. 2012; Baresel et al. 2014; Stigebrandt et al. 
2015) and Finland (Rantajärvi et al. 2012 and references therein). Oxygenation has 
generally been successful in smaller, enclosed areas. Positive effects include decreased 
sedimentary nutrient release (Rantajärvi et al. 2012; De Brabandere et al. 2015; Harris et 
al. 2015; Stigebrandt et al. 2015), elimination of harmful algae blooms (Ouchi et al. 2008), 
and improved habitat for animals in systems that have been kept oxic for longer periods 
(Ouchi et al. 2008; Harris et al. 2015; Stigebrandt et al. 2015). However, in some systems, 
the pumping has brought water with a higher temperature to the sediment, which may 
have increased the microbial activity and sedimentary NH4+ release (Rantajärvi et al. 
2012; Stigebrandt et al. 2015). Forced oxygenation has not been used in open sea areas 
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but has been suggested as a method to mitigate eutrophication in the central Baltic Sea 
(Stigebrandt and Gustafsson 2007; Baresel et al. 2014). 

 
Addition of binding agents (aluminium) 

An increased input of phosphorus from land often occurs without a corresponding 
increase in input of iron (Rydin and Kumblad 2019). As a result, the phosphorus-binding 
capacity of the sediment may be low in eutrophic systems, even when bottom waters are 
well oxygenated. Since the 1970s, aluminium has been added to lake sediments to 
increase the phosphorus-binding capacity (Huser et al. 2016). The method was tested in 
a marine environment for the first time in 2012-2013, when a eutrophic bay in the 
Stockholm archipelago was treated with dissolved polyaluminium chloride (Rydin et al. 
2017). The treatment resulted in a halving of the water column phosphorus 
concentration and phytoplankton biomass, and decreased water turbidity allowed 
benthic vegetation to move to deeper areas (Rydin et al. 2017; Kumblad and Rydin 2018). 
However, despite the decreased organic matter deposition, oxygenation of the sediment 
is expected to take many years due to the sedimentary “O2 debt” (Kumblad and Rydin 
2018). After three years, the aluminium treatment had increased the sedimentary 
phosphorus trapping by 1.5 g P m-2 (Rydin et al. 2017). In addition to the immediate 
trapping of phosphorus upon aluminium addition, the Al seemed to continuously bind 
DIP from deeper sediment layers in the following years (Rydin and Kumblad 2019). 

Though seemingly promising, addition of aluminium to marine sediments is a new 
eutrophication mitigation technique that needs to be evaluated further. A critical 
question is if the aluminium-phosphorus binding is stable enough to lead to permanent 
burial of phosphorus (Rydin and Kumblad 2019). Although initial experiments have 
suggested that addition of aluminium to brackish5-water systems does not affect 
organisms negatively (Kumblad et al. 2011), further studies are needed to confirm that 
negative effects do not occur (Rydin et al. 2017). The high cost of aluminium addition 
compared to many other mitigation techniques (Baresel et al. 2014) may also hinder its 
use. 

 
Extractive species 

By harvesting organisms that have grown in a coastal area, nutrients are extracted 
from the system. The two main groups of organisms used for nutrient extraction are 
seaweed and bivalves (mussels and oysters; Kim et al. 2017; Petersen et al. 2019). 
Although both groups of organisms have the added benefit of being commercially 
interesting products, their use is limited to systems with suitable growing conditions 
(Visch et al. 2020a). 

                                                        
5 Brackish water has a higher salinity than freshwater but a lower salinity than salt water.  
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5 Brackish water has a higher salinity than freshwater but a lower salinity than salt water.  
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Seaweed are primary producers and thereby take up carbon, nitrogen and phosphorus 
directly from the water. Although primarily grown for use in different products (food, 
animal feed, chemicals, fertilizers, biofuel), the role of seaweed in nutrient extraction has 
been increasingly recognised (Kim et al. 2017), especially since seaweed farming does 
not seem to negatively impact sedimentary biogeochemical processes and benthic fauna 
(Visch et al. 2020b). Studies from the US and Sweden suggest that harvest of seaweed can 
constitute a nitrogen sink of 1.3-10 ton km-2 yr-1 (Kim et al. 2014; Visch et al. 2020a). 
However, the nitrogen and phosphorus extraction from a Chinese seaweed farm has been 
estimated to 60 and 7.6 ton km-2 yr-1, respectively , which if extrapolated suggest that 
seaweed farming removes 5.56% and 39.60% of the total nitrogen and phosphorus input 
to Chinese coastal waters (Xiao et al. 2017). The amount of nutrients that can be extracted 
through seaweed farming is affected by choice of species and local growing conditions 
(Kim et al. 2014; Visch et al. 2020a).  

Bivalves filter large amounts of water and feed on phytoplankton, and subsequently 
assimilate some of the nutrients from the phytoplankton. Depending on species and 
growing conditions, bivalves can be used for human consumption or animal feed 
(Petersen et al. 2019). Due to their filtering of particles, bivalves can increase the water 
transparency and reduce the organic matter sedimentation on a basin scale 
(Timmermann et al. 2019). However, sedimentation rates underneath bivalve farms may 
be up to three times higher than in surrounding areas (Hartstein and Stevens 2005; 
Carlsson et al. 2009; Holmer et al. 2015) and there are concerns that the locally increased 
organic matter deposition may impact the sediment negatively (Nizzoli et al. 2011; 
Stadmark and Conley 2011). Increased sulphate reduction rates have been observed 
under bivalve farms (Dahlbäck and Gunnarsson 1981; Carlsson et al. 2012; Holmer et al. 
2015), as well as decreased benthic denitrification rates (Carlsson et al. 2012; Lunstrum 
et al. 2018) and increased sedimentary releases of DIN and DIP (Christensen et al. 2003; 
Alonso-Pérez et al. 2010; Nizzoli et al. 2011). Yet some bivalve farms have a negligible 
impact on the underlying sediment (Holmer et al. 2015). Bivalve harvest can constitute 
nitrogen and phosphorus sinks of 0.02-200 and 0.38-12 ton km-2 yr−1, respectively, 
depending on farming methods, season and local food conditions (Taylor 2020 and 
references therein; Visch et al. 2020a). Further nitrogen loss may occur through 
denitrification at the shells of the farmed bivalves (Kaspar et al. 1985; Nizzoli et al. 2006; 
Kellogg et al. 2014), which may balance the loss of sedimentary denitrification. Mussel 
farming has been used as compensatory techniques for nutrient release in Sweden and 
Denmark (Petersen et al. 2016). 

 
2.3 The Baltic Sea 

A marine system that exhibits strong, non-linear eutrophication feedbacks is the Baltic 
Sea (Conley et al. 2009b; Kemp et al. 2009). Efforts to reduce the nutrient load to the 
Baltic Sea over the last decades have been successful, yet the system remains eutrophic 
and suffers from severe O2 depletion (HELCOM 2018b). Due to the slow recovery from 
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eutrophication, there have been calls for using sea-based eutrophication mitigation 
techniques in the open Baltic Sea (Stigebrandt and Gustafsson 2007; Baresel et al. 2014; 
Kumblad and Rydin 2018). This suggestion has sparked a debate about recovery 
trajectories and efficiency of different mitigation methods (Conley et al. 2009a; Karlsson 
and Malmaeus 2018). 

 
2.3.1 Geography and hydrography 

The Baltic Sea (Figure 9) is one of the largest brackish-water seas in the world. It is 
surrounded by the Scandinavian Peninsula, Central Europe and Eastern Europe, with a 
connection to the North Sea through narrow and shallow (~20 m deep) straits between 
Sweden and Denmark. The surface area is large (~364 000 km2) and the average depth 
is shallow (57 m), but with several deep sites (Figure 9, Table 2; Snoeijs-Leijonmalm et 
al. 2017). The coastal environments around the Baltic Sea vary considerably and are 
comprised of archipelagos, embayments, estuaries, lagoons and open coasts (Asmala et 
al. 2017; Carstensen et al. 2020). The tidal amplitude in the Baltic Sea is low (< 10 cm) 
and is generally masked by sea level variations driven by atmospheric conditions 
(Novotny et al. 2006). Due to the shallow depths of the straits, the water exchange is 
limited and the water residence time in the Baltic Sea is on average 30-40 years (Meier 
2007). The drainage area of the Baltic Sea is almost 5 times larger than its surface area 
and is inhabited by ~85 million people (Snoeijs-Leijonmalm et al. 2017).  

Over 200 rivers discharge into the Baltic Sea, primarily into the northern and eastern 
parts, giving a total freshwater input of ~450 km3 yr-1 (Table 2; Bergström et al. 2001). 
While less saline surface water leaves the Baltic Sea through the Danish Straits, there is a 
deeper current of more saline water entering the Baltic Sea from the North Sea (Snoeijs-
Leijonmalm et al. 2017). The saline deep water moves counter-clockwise through the 
central basin and branches out northward and eastward (Leppäranta and Myrberg 
2009). The high freshwater input results in an increasing surface salinity from ~2 in the 
north to ~10 in the south, as well as increasing salinity with depth (Snoeijs-Leijonmalm 
et al. 2017). In most of the Baltic Sea, a halocline at 60-80 m depth separates the fresher 
surface layer from the saltier deep layer (Snoeijs-Leijonmalm et al. 2017). Wave-induced 
resuspension of sediments in the Baltic Sea occurs to water depths of 40-60 m 
(Danielsson et al. 2007). This resuspension causes shuttling of particles from shallow so-
called ‘erosion-transport’ areas to deep ‘accumulation’ areas (Jonsson et al. 1990; 
Almroth-Rosell et al. 2011; Leipe et al. 2011). However, local conditions strongly affect 
sedimentation and the highest sediment accumulation rates are found in small, coastal 
basins (Mitchell et al. 2021).  
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and Malmaeus 2018). 

 
2.3.1 Geography and hydrography 
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2007). The drainage area of the Baltic Sea is almost 5 times larger than its surface area 
and is inhabited by ~85 million people (Snoeijs-Leijonmalm et al. 2017).  
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parts, giving a total freshwater input of ~450 km3 yr-1 (Table 2; Bergström et al. 2001). 
While less saline surface water leaves the Baltic Sea through the Danish Straits, there is a 
deeper current of more saline water entering the Baltic Sea from the North Sea (Snoeijs-
Leijonmalm et al. 2017). The saline deep water moves counter-clockwise through the 
central basin and branches out northward and eastward (Leppäranta and Myrberg 
2009). The high freshwater input results in an increasing surface salinity from ~2 in the 
north to ~10 in the south, as well as increasing salinity with depth (Snoeijs-Leijonmalm 
et al. 2017). In most of the Baltic Sea, a halocline at 60-80 m depth separates the fresher 
surface layer from the saltier deep layer (Snoeijs-Leijonmalm et al. 2017). Wave-induced 
resuspension of sediments in the Baltic Sea occurs to water depths of 40-60 m 
(Danielsson et al. 2007). This resuspension causes shuttling of particles from shallow so-
called ‘erosion-transport’ areas to deep ‘accumulation’ areas (Jonsson et al. 1990; 
Almroth-Rosell et al. 2011; Leipe et al. 2011). However, local conditions strongly affect 
sedimentation and the highest sediment accumulation rates are found in small, coastal 
basins (Mitchell et al. 2021).  
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The Baltic Sea is divided into three main basins (Figure 9, Table 2). The largest basin 

in the Baltic Sea is the Baltic Proper, which in turn is divided into six sub-basins: the 
Arkona basin, the Bornholm basin, the Gulf of Riga, the Northern Gotland Basin, the 
Western Gotland Basin and the Eastern Gotland Basin. Large differences in salinity 
between the surface and bottom waters cause the water column to be strongly stratified; 
the bottom water is renewed every few years by saline inflows from the North Sea, so 
called Major Baltic Inflows (MBIs, section 2.3.3; Fischer and Matthäus 1996). The 

Figure 7. The Baltic Sea. a) Sub-basins of the Baltic Sea. BitB = Bothnian Bay, BS = Bothnian Sea, NBP = North Baltic 
Proper, WGB = Western Gotland Basin, EGB = Eastern Gotland Basin, GR = Gulf of Riga, BorB = Bornholm Basin, AB = 
Arkona Basin. b) Extent of hypoxic (<63 µM O2) and anoxic (0 µM O2) water in 1964 and 2018 (Hansson et al. 2020). c) 
Salinity distribution in the Baltic Sea, modified after Sjöberg et al. (1992). 
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catchment area of the basin mostly comprises of agricultural land, pastures and forests 
(Miltner and Emeis 2001). The easternmost part of the Baltic Sea is the Gulf of Finland. It 
is a shallow basin surrounded mainly by forests and non-arable land, but also some 
agricultural and urban land (Miltner and Emeis 2001). The Neva river, which has the 
highest water discharge of all rivers in the Baltic Sea (17% of total water flow; HELCOM 
2018c), enters the Gulf of Finland. The eastern part of the basin is therefore only weakly 
stratified, while the stratification increases toward the open connection with the Baltic 
Proper (Snoeijs-Leijonmalm et al. 2017). The Gulf of Bothnia comprises the northernmost 
part of the Baltic Sea and is further divided into two sub-basins: the Bothnian Bay and the 
Bothnian Sea. The catchment area of the Gulf of Bothnia consists primarily of forests and 
the riverine input of terrestrial material is relatively large (Miltner and Emeis 2001). Sills 
separate the Gulf of Bothnia from the rest of the Baltic Sea and decrease the inflow of 
saline deep water, making it the least saline and least stratified basin of the Baltic Sea 
(Snoeijs-Leijonmalm et al. 2017).  

 
Table 2. Description of the Baltic Sea. Areas from HELCOM (2012), basin and halocline depths from Leppäranta and 
Myrberg (2009), surface salinities from Andersen et al. (2017), bottom water salinities from Al-Hamdani and Reker 
(2007). The following modifications have been made to the HELCOM area definitions: aincludes half of the Quark, 
bincludes the Åland and Archipelago Seas, cincludes Gdańsk Bay. dSavchuk et al. (2012) and references therein, 
eWasmund et al. (2001a) , fPurina et al. (2018). *Halocline very weak or absent. 

Basin Area 
(km2) 

Basin depth  
(m) 

Salinity Halocline 
depth (m) 

PP 
(g C m-2 y-1)   

mean max surface bottom 
 

 
Gulf of Bothnia 106 924 54 301 1.8–6.6 <5–7.5 50-80* 16-52 
   Bothnian Baya 35 479 41 146 1.8–3.9 <5 50-60* 16-17d 
   Bothnian Seaa,b 71 445 66 301 3.8–6.6 5-7.5 60-80* 32-52 d 
        
Gulf of Finland 29 901 37 123 1.2–5.6 5–7.5 60-80 80-130 d 
        
Baltic Proper 227 049 

 
459 4.1-11.3 5-18 20-80 65-376 

   Northern Baltic Proper 41 114 71 150 5.0–7.5 7.5–11 60-80 65-200d 
   Western Gotland Basin 27 876 71 459 5.0–7.5 7.5–11 60-80 65-200d 
   Eastern Gotland Basinc 80 791 77 249 5.0–7.5 11–18 60-80 65-200d 
   Gulf of Riga 18 796 23 51 4.1–6.2 5–7.5 20-30 250e–376f 
   Bornholm Basin 41 970 46 105 4.3–8.1 7.5–18 50-60 193e 
   Arkona Basin 16 502 23 53 7.6–11.3 11–18 20-30 190 e 
        
Baltic Sea 363 874 54 459 1.8–11.3 <5–18 

 
 

 
2.3.2 Eutrophication and biogeochemical cycles 
History of eutrophication 

The deepest parts of the Baltic Proper have been naturally hypoxic for 8000 years due 
to the strong water column stratification and limited water exchange with the North Sea; 
the basin also experienced more extensive hypoxia during the Holocene thermal 
maximum (8000-4000 years ago) and the medieval climate anomaly (1700-700 years 
ago; Zillén et al. 2008; Jilbert and Slomp 2013b). With the onset of the industrial 
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revolution in the mid-1800s, land use changed considerably in the Baltic Sea catchment 
area and the population started to grow rapidly (Zillén et al. 2008). Already in the early 
1900s, accumulations of plankton in receiving waters of large cities around the Baltic Sea 
indicated elevated nutrient input (Finni et al. 2001). Although cyanobacteria blooms of 
varying intensities had occurred in the area for thousands of years (Bianchi et al. 2000; 
Jilbert et al. 2015; Kaiser et al. 2020), they were rarely recorded in the open Baltic Sea at 
the beginning of the century (Finni et al. 2001). 

During the mid-1900s, hypoxia also started to spread in the deeper parts of the central 
Baltic Proper (Hille et al. 2006) and cyanobacteria blooms intensified (Kaiser et al. 2020). 
The input of nutrients from land continued, with a substantial increase around 1950 
(Figure 10; Gustafsson et al. 2012; HELCOM 2018b) due to urbanisation, increased use of 
inorganic fertilizers and separation of crop and animal production (Artur 2000; 
Heiskanen et al. 2019). Between 1950 and 1980, about 12% and 43% of the annual 
external nitrogen and phosphorus inputs, respectively, accumulated in the water column 
and sediments of the Baltic Sea (Gustafsson et al. 2012; Kuliński et al. 2021). The elevated 
availability of nutrients led to an enhancement of the primary production by 
approximately a factor of 3 compared to the early 1900s (Schneider and Kuss 2004; 
Savchuk et al. 2008; Gustafsson et al. 2012), concomitant with a considerable expansion 
of the O2-depleted area in the open Baltic Proper (Jonsson et al. 1990; Carstensen et al. 
2014) and along the coasts of the Baltic Sea (Conley et al. 2011; Jokinen et al. 2018). 

In addition to eutrophication, the Baltic Sea became strongly affected by several other 
anthropogenic pressures (e.g. pollution by hazardous chemicals, overfishing) in the 
period after 1950 (Reusch et al. 2018; Heiskanen et al. 2019). After growing concern 
about the state of the Baltic Sea, the surrounding countries signed the Helsinki 
Convention in 1974, a set of principles and obligations on the protection of the Baltic Sea 
environment, and founded the Helsinki Commission (HELCOM) to oversee its 
implementation (Jetoo 2018; HELCOM 2021a). Following the installation of wastewater 
treatment plants, the nutrient load from point sources decreased substantially and the 
total nutrient load peaked in the 1980s before it started to decrease (Figure 10; 
Gustafsson et al. 2012; HELCOM 2018b).  

Today, many of the nutrient point sources in the Baltic Sea have been eliminated and 
diffuse sources (mainly runoff from agriculture) dominate (HELCOM 2018b). However, 
despite the reduction in nutrient input, the size of the water column nutrient pools and 
the O2-depleted areas in the Baltic Sea have not decreased (Carstensen et al. 2014; 
Savchuk 2018). To address the persistent environmental problems in the Baltic Sea, the 
HELCOM states adopted the Baltic Sea Action Plan (BSAP) in 2007 (HELCOM 2007). The 
BSAP outlined a programme of regional measures aimed at achieving a good 
environmental status in the Baltic Sea by 2021. Although progress has been made, the 
goal of a good environmental status has not been achieved and the BSAP was updated in 
October 2021 in an attempt to tackle the remaining challenges (HELCOM 2021b).  
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Figure 10. Top panels: total nitrogen and phosphorus inputs to the Baltic Sea (Gustafsson et al. 2012; HELCOM 2018b; 
Savchuk 2018). Bottom panels: water column pools of total nitrogen and phosphorus (Savchuk 2018). 

 
Carbon cycling 

The riverine input of carbon to the Baltic Sea amounts to 10 900 kton y-1 (Figure 11; 
Kuliński and Pempkowiak 2011). Terrestrial organic carbon enters the Baltic Sea 
primarily as dissolved organic carbon, of which a fraction flocculates and is deposited on 
the sediment in estuaries (Gustafsson et al. 2000; Asmala et al. 2014; Jilbert et al. 2018). 
Overall, about 10-40% of the sedimentary organic carbon is of terrestrial origin, with 
higher concentrations in areas that are closer to land and receive higher freshwater input 
(especially the Gulfs of Bothnia and Finland; Miltner and Emeis 2001; Kaiser and Arz 
2016).  

The highest organic carbon degradation rates are measured in these deeper 
accumulation areas, but organic carbon is also degraded efficiently in the shallower 
erosion-transport areas (Nilsson et al. 2019). Production of DIC is generally assumed to 
equal the total organic carbon degradation, since particulate inorganic carbon comprises 
<1% of sedimentary solid phase carbon (Nilsson et al. 2019) and the dissolved organic 
carbon flux from the sediment is one order of magnitude lower than the DIC flux (Kuliński 
and Pempkowiak 2012). The total sedimentary organic carbon degradation in the Baltic 
Sea is estimated to range between 1140 and 21 800 kton y-1 (Figure 11). The lower 
estimate is calculated from pore water profiles of DIC (Kuliński and Pempkowiak 2011) 
while the higher estimate is calculated from DIC fluxes measured in situ with benthic 
chamber landers (Nilsson et al. 2019). The total burial of organic carbon in the Baltic Sea 
has been estimated to 800 – 3500 kton y-1 (Figure 11). The spread in values mainly caused 
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by uncertainties in SAR data and assumptions about where long-term accumulation of 
sediment takes place (Kuliński and Pempkowiak 2011; Leipe et al. 2011; Gustafsson et al. 
2017; Nilsson et al. 2019).  

 

 
Nitrogen cycling 

The external input of nitrogen to the Baltic Sea is estimated to 826 kton y-1 (Figure 12; 
HELCOM 2018b). Rivers are the main nitrogen source, contributing 573 kton y-1, while 
atmospheric inputs amount to 204 – 223 kton y-1 (Figure 12; HELCOM 2018b; Gauss et 
al. 2021). Analysis of sedimentary nitrogen isotopes has shown that nutrient leakage 
from agriculture is the main nitrogen source along the south-eastern coast of the Baltic 
Sea, while terrestrial organic matter is the main nitrogen source in the Gulf of Bothnia 
(Voss et al. 2005). In addition to these external inputs, nitrogen fixation by cyanobacteria 
adds 479-569 kton y-1 (Figure 12; Olofsson et al. 2021). The majority of the nitrogen 
fixation, 370 – 399 kton y-1, takes place in the Baltic Proper, with smaller contributions 
from Bothnian Sea (80 kton y-1) and Gulf of Finland (up to 90 kton y-1) (Wasmund et al. 
2001b; Olofsson et al. 2021). The total sedimentary recycling of nitrogen in the Baltic Sea 
is estimated to 697 kton y-1 (Figure 12; Gustafsson et al. 2012). There are few studies on 
the relative importance of DIN versus dissolved organic nitrogen fluxes, but the organic 
fraction could make up at least half of the total sedimentary nitrogen release (Bonaglia et 
al. 2017; Niemistö and Lund-Hansen 2019). Estimates of nitrogen burial vary 
substantially (Figure 12), from 169 kton y-1 in all of the Baltic Sea (Gustafsson et al. 2012) 
to 376 kton y-1 in the Baltic Proper alone (Deutsch et al. 2010). 

Fixed nitrogen in the Baltic Sea is removed through denitrification and anammox in 
the sediment and water column. Denitrification is generally the dominant sedimentary 
NO3- reduction process in the Baltic Sea (e.g. Jäntti and Hietanen 2012; Bonaglia et al. 
2017; van Helmond et al. 2020), and studies from coastal areas suggest that N2O 
production through denitrification is negligible (Silvennoinen et al. 2008; Hellemann et 

Figure 8. Simplified carbon budget for the Baltic Sea. Numbers are given in kton y-1. a:  
Kuliński and Pempkowiak (2011), b: Nilsson et al. (2019), c: Leipe et al. (2011), d: 
Gustafsson et al. (2017). 
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al. 2017; van Helmond et al. 2020). Upscaling calculations indicate that 426 – 652 kton 
nitrogen y−1 is removed through benthic denitrification (Figure 12; Deutsch et al. 2010). 
Some coastal environments (e.g., lagoons) act as efficient filters and remove much of the 
riverine nitrogen input. However, even though the coastal zone comprise 27% of the 
Baltic Sea, the coastal benthic nitrogen removal accounts for only 16% of benthic 
denitrification in the Baltic Sea (Asmala et al. 2017; Carstensen et al. 2020). Several 
factors affect sedimentary denitrification rates in the Baltic Sea, such as temperature, O2 
concentrations, and availability of NO3- and labile organic matter (e.g. Hietanen and 
Kuparinen 2008; Hellemann et al. 2017). While these factors generally are important, the 
denitrification rates in any particular area depend strongly on site-specific interactions 
(Deutsch et al. 2010; Carstensen et al. 2020). Hence, although the denitrification rates 
often are observed to change with season, the timing of the highest rate at a site depends 
on local conditions (Tuominen et al. 1998; Hietanen and Kuparinen 2008; Carstensen et 
al. 2020). Yet when data from multiple coastal sites in the Baltic Sea are combined, 
denitrification rates correlate positively with bottom water NO3- concentrations and 
sedimentary organic carbon content (Asmala et al. 2017).  

Anammox can account for 5-32% of the N2 production in some relatively organic 
matter poor sediments, where autotrophic anammox bacteria successfully compete with 
heterotrophic denitrifiers for NO3- (Bonaglia et al. 2014, 2017; van Helmond et al. 2020). 
The process has been found at some sites (Hietanen and Kuparinen 2008; Jäntti et al. 
2011) while it has been absent from others (Deutsch et al. 2010; Bartl et al. 2019; 
Hellemann et al. 2020). Hence, the factors that regulate anammox in the Baltic Sea have 
not been sufficiently identified. In areas with low O2 concentrations and high sedimentary 
organic matter content, DNRA can account for 50-90% of the NO3- reduction (Jäntti and 
Hietanen 2012; Bonaglia et al. 2014, 2017). Interestingly, the process has recently been 
found to contribute substantially to the NO3- reduction in well-oxygenated and organic 
matter-poor sediments, even if the absolute rates were low (Hellemann et al. 2020). 

In sediments underlying O2 depleted bottom water, NO3- is eventually depleted and 
NO3- reduction ceases (section 2.1.1). However, the processes can also take place at the 
oxic-anoxic interface (oxycline) in the water column. Denitrification is the main NO3- 
reduction process in the water column of the O2 depleted areas of the Baltic Proper, using 
both H2S (Hannig et al. 2007; Hietanen et al. 2012; Dalsgaard et al. 2013) and organic 
matter (Bonaglia et al. 2016) as electron donors. Up to 80% of water column 
denitrification has been observed to end with N2O production; this has been attributed to 
inhibition by H2S and copper limitation (Dalsgaard et al. 2013; Bonaglia et al. 2016). 
Anammox and DNRA seem to be negligible during stagnant periods (Hietanen et al. 2012; 
Dalsgaard et al. 2013; Bonaglia et al. 2016), but anammox can be important following 
MBIs due to removal of H2S from the water column (section 2.3.3; Hannig et al. 2007). 
Water column nitrogen removal through denitrification amounts to 132–547 kton y-1 in 
the Baltic Proper (Figure 12; Dalsgaard et al. 2013). It is thus at least as important as the 
sedimentary nitrogen removal through denitrification in the Baltic Proper, which has 
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by uncertainties in SAR data and assumptions about where long-term accumulation of 
sediment takes place (Kuliński and Pempkowiak 2011; Leipe et al. 2011; Gustafsson et al. 
2017; Nilsson et al. 2019).  
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Figure 8. Simplified carbon budget for the Baltic Sea. Numbers are given in kton y-1. a:  
Kuliński and Pempkowiak (2011), b: Nilsson et al. (2019), c: Leipe et al. (2011), d: 
Gustafsson et al. (2017). 
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al. 2017; van Helmond et al. 2020). Upscaling calculations indicate that 426 – 652 kton 
nitrogen y−1 is removed through benthic denitrification (Figure 12; Deutsch et al. 2010). 
Some coastal environments (e.g., lagoons) act as efficient filters and remove much of the 
riverine nitrogen input. However, even though the coastal zone comprise 27% of the 
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often are observed to change with season, the timing of the highest rate at a site depends 
on local conditions (Tuominen et al. 1998; Hietanen and Kuparinen 2008; Carstensen et 
al. 2020). Yet when data from multiple coastal sites in the Baltic Sea are combined, 
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2011) while it has been absent from others (Deutsch et al. 2010; Bartl et al. 2019; 
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matter-poor sediments, even if the absolute rates were low (Hellemann et al. 2020). 

In sediments underlying O2 depleted bottom water, NO3- is eventually depleted and 
NO3- reduction ceases (section 2.1.1). However, the processes can also take place at the 
oxic-anoxic interface (oxycline) in the water column. Denitrification is the main NO3- 
reduction process in the water column of the O2 depleted areas of the Baltic Proper, using 
both H2S (Hannig et al. 2007; Hietanen et al. 2012; Dalsgaard et al. 2013) and organic 
matter (Bonaglia et al. 2016) as electron donors. Up to 80% of water column 
denitrification has been observed to end with N2O production; this has been attributed to 
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Anammox and DNRA seem to be negligible during stagnant periods (Hietanen et al. 2012; 
Dalsgaard et al. 2013; Bonaglia et al. 2016), but anammox can be important following 
MBIs due to removal of H2S from the water column (section 2.3.3; Hannig et al. 2007). 
Water column nitrogen removal through denitrification amounts to 132–547 kton y-1 in 
the Baltic Proper (Figure 12; Dalsgaard et al. 2013). It is thus at least as important as the 
sedimentary nitrogen removal through denitrification in the Baltic Proper, which has 
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been estimated to 129-227 kton y-1 (Deutsch et al. 2010). Consistent with this finding, the 
water column DIN pool decreases as the hypoxic area increases (Savchuk 2018). 

 
Phosphorus cycling 

The total phosphorus input to the Baltic Sea is 31 kton y-1 (Figure 13), of which the vast 
majority is supplied by rivers (HELCOM 2018b; Savchuk 2018). In addition to being a 
component of sinking organic matter, phosphorus is transported to the sediment as DIP 
adsorbed to metal oxides (Turnewitsch and Pohl 2010). The total recycling of DIP from 
the sediments to the water column has been estimated to 229 kton y-1 (Figure 13; 
Gustafsson et al. 2012), 7 times more than the total amount of phosphorus that is 
delivered to the Baltic Sea through rivers. Special attention has been given to the 
phosphorus recycling in the hypoxic-anoxic areas in the Baltic Proper and Gulf of Finland, 
where iron and manganese oxides are absent due to O2 depletion. In these areas, the 
sedimentary DIP release is high and ratios between DIC and DIP fluxes are 20-70 
(Viktorsson et al. 2012, 2013; Sommer et al. 2017), far below the Redfield ratio of 106. 
Due to this intense DIP recycling, in situ measured fluxes suggest a sedimentary release 
of 90-150 kton y-1  in the Baltic Proper alone (Viktorsson et al. 2013; Noffke et al. 2016; 
Sommer et al. 2017), while a modelling study by Savchuk (2018) gives a substantially 
lower DIP release of <10 kton y-1. Much of the DIP released from anoxic sediments 
accumulates below the halocline, but the yearly transport of internally recycled DIP to 
the surface layer is equally as large as the riverine phosphorus input to the Baltic Sea 
(Eilola et al. 2014). As the size of the Baltic Sea hypoxic area increases or decreases, iron 
and manganese oxides are reductively dissolved or formed at the sediment surface with 
a following increase or decrease in the water column DIP pool (Conley et al. 2002). The 
sedimentary dissolved organic phosphorus release in the Baltic Sea is not well quantified, 

Figure 9. Simplified nitrogen budget for the Baltic Sea. Numbers are given in kton y-1. a: 
HELCOM (2018c), b:  Gauss et al. (2021), c: Olofsson et al. (2021), d: Gustafsson et al. 
(2012), e: Deutsch et al. (2010), f: Dalsgaard et al. (2013). 

 

 

29 

but field studies suggests that it is of minor importance relative to the DIP release 
(Viktorsson et al. 2013; Niemistö and Lund-Hansen 2019).  

Modelling studies indicate that the total burial of phosphorus in the Baltic Sea amounts 
to 40 kton y-1 (Figure 13; Gustafsson et al. 2012). Over 50% of the riverine phosphorus 
input may be buried in coastal areas (Almroth-Rosell et al. 2016; Asmala et al. 2017; 
Edman et al. 2018), although it has been suggested that this number is much lower 
(Karlsson et al. 2019). In the Gulf of Bothnia, high concentrations of iron promotes burial 
of phosphorus as vivianite (Slomp et al. 2013; Egger et al. 2015), and the Bothnian Sea 
sediment acts as a sink for phosphorus from the eutrophic Baltic Proper (Savchuk 2018). 
Vivianite formation generally is inhibited in sulphidic basins due to rapid precipitation of 
iron sulphides. However, in the anoxic parts of the Baltic Proper deposition of iron oxides 
seems to create localized enrichments of Fe2+ which promotes formation of vivianite (or 
another Fe(II) phosphate mineral; Jilbert and Slomp 2013a). The importance of vivianite 
for phosphorus burial in the sulphidic areas of the Baltic Sea is unclear, and organic 
phosphorus is considered to be the major phosphorus burial phase in the Baltic Proper 
(Mort et al. 2010). Formation of authigenic carbonate fluorapatite is low or completely 
absent in the Baltic Sea (Lehtoranta et al. 2008; Mort et al. 2010; Slomp et al. 2013), likely 
due to high magnesium concentrations (Gunnars et al. 2004). 

 
Current eutrophication situation and future predictions 

The persistence of large nutrient pools and O2-depleted areas is suggested to be caused 
by a positive feedback between DIP release from anoxic sediment and nitrogen-fixing 
cyanobacteria (Figure 14a; Vahtera et al. 2007). Due to anoxia, the sedimentary recycling 
of DIP and NH4+ from organic matter is elevated (section 2.1). However, since DIN is 
removed through denitrification at the water column oxycline while there is no 
corresponding process removing phosphorus from the system, the nitrogen-to-
phosphorus ratio in the water column is lowered (Vahtera et al. 2007). As a result, once 
the diatom-dominated spring bloom has consumed the DIN in the in the euphotic zone, 

Figure 10. Simplified phosphorus budget for the Baltic Sea. Numbers are given in kton 
y-1. a: HELCOM (2018c), b: Savchuk (2018), c: Gustafsson et al. (2012). 
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but field studies suggests that it is of minor importance relative to the DIP release 
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excess DIP is left (Figure 14b). These conditions favour N2 fixing cyanobacteria, which 
may form extensive blooms during summer and re-introduce bioavailable nitrogen to the 
system (Karlson et al. 2015). When the phytoplankton die, they sink and are degraded by 
microbes that consume O2 in the process. Hence, O2 depletion is upheld, promoting 
efficient recycling of DIP from organic matter and more cyanobacteria blooms.  

Although the internal cycling of nutrients accounts for a substantial fraction of the 
eutrophication problem in the Baltic Sea, nutrient input from land still exceed the 
maximum allowable input stated in the BSAP (Figure 10; HELCOM 2018b). Furthermore, 
use of fertilisers in agriculture has led to accumulation of nutrients in the soil and 
freshwater around the Baltic Sea, and it is estimated that leakage from these “legacy 
pools” account for half of the current phosphorus input to the Baltic basins (McCrackin et 
al. 2018). Hence, even if methods to decrease nutrient runoff are implemented, it will 
likely take time before a reduction of the external nutrient load is observed. Societal 
drivers play large roles in future nutrient inputs, with food demand being one of the 
strongest drivers which can increase the pressure from agriculture under gradually 
increasing precipitation (Pihlainen et al. 2020). Climate change is predicted to increase 
the nutrient load to the Baltic Sea and worsen the eutrophication situation (Meier et al. 
2018a; Pihlainen et al. 2020; Kuliński et al. 2021). However, future projections suggest 
that even with climate change counteracting mitigation efforts, adapting the BSAP would 
lead to substantially improved conditions in most of the Baltic Sea toward the end of the 
21st century (Meier et al. 2018a; Saraiva et al. 2019; Wåhlström et al. 2020).  

Figure 14. a) The positive feedback between nutrient input, organic matter production and O2 depleted areas. After 
Vahtera et al. (2007). b) Conceptual figure of phytoplankton and nutrient dynamic in the Baltic Sea. 
 

2.3.3 Biogeochemical effects of major Baltic inflows 
Major Baltic inflows 

The stagnant deep water in the Eastern Gotland Basin is occasionally exchanged 
through MBIs. The MBIs cause substantial changes in redox conditions by introducing O2 
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to the deep basins, and sharp redox boundaries appear between the inflowing and 
ambient water (Figure 15; Schmale et al. 2016; Hall et al. 2017). These inflows take place 
every few years, the latest notable MBIs took place in 1993, 2007 and 2015 (Mohrholz et 
al. 2015).  

MBIs occur in winter and are caused by water level changes resulting from a month of 
strong easterly winds followed by a period of westerly winds (Fischer and Matthäus 
1996; Mohrholz 2018). High salinity North Sea water is pushed through the Danish Straits 
and moves through the Arkona and Bornholm basins before reaching the Eastern Gotland 
Basin, where the inflowing water travels counter-clockwise along the slope toward the 
centre of the basin (Schmale et al. 2016). From entering the Baltic Sea, it takes 
approximately 3 months for the inflow to reach the central Eastern Gotland Basin 
(Reissmann et al. 2009). When MBIs enter the Eastern Gotland Basin, they move as 
gravity currents along the slopes of the basin, causing high current speeds and turbulence 
(Schmale et al. 2016; Holtermann et al. 2017). Much of the old deep water from Eastern 
Gotland Basin is uplifted and replaced by the denser, more saline inflowing water 
(Reissmann et al. 2009). However, due to substantial mixing of the North Sea and Baltic 
Sea waters as the MBIs moves through the basins, only 10-20% of the water that 
eventually reaches the Eastern Gotland Basin originates from the North Sea (Neumann et 
al. 2017). The Eastern Gotland Basin deep water that is pushed onwards to the northern 
Baltic Proper and the Gulf of Finland can subsequently lower the bottom water O2 
concentrations (Liblik et al. 2018).  

 
The comparatively high density of the MBI water strengthens the water column 

stratification, causing smaller inflows to settle at shallower depths than prior to the 
inflow (Gerlach 1994). Hence, since the newly-introduced O2 is consumed rapidly, the 

Figure 11. Chemical water column profiles from the Eastern Gotland Basin. A Major Baltic Inflow reached the area in 
March 2015. Data from SMHI (2021). 
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medium-term effect of MBIs is generally that O2 depletion spreads to a larger area, before 
mixing starts to erode and deepen the halocline (Conley et al. 2002; Meier et al. 2017).  
 
Organic matter 

The displacement of water during MBIs brings nutrients to the surface, which could 
support larger than average phytoplankton blooms. However, modelling has suggested 
that the extra contribution of nutrients due to MBIs is relatively small since there is 
extensive vertical nutrient transport also without MBIs (Eilola et al. 2014). In agreement 
with this study, no increases in primary production were observed in the Eastern Gotland 
Basin after the 2015 inflow (Johansen and Skjevik, 2016-2017).  

Following the 2015 inflow, the fraction of sinking particulate organic carbon that 
reached the deep basin in the newly oxygenated Eastern Gotland Basin was larger 
compared to the anoxic Western Gotland Basin, and the organic matter in the eastern 
basin was fresher (Cisternas-Novoa et al. 2019). The elevated particulate organic carbon 
transport efficiency (difference in particulate organic carbon concentration between 40 
and 180 m depth) in the newly oxygenated basin compared to the anoxic basin (115% vs 
69%) was attributed to the increased sinking speed of the organic matter due to 
aggregation with newly formed manganese oxide particles (see below). Furthermore, the 
heterotrophic bacterial production was high in H2S-free anoxic water in the Eastern 
Gotland Basin relative to the sulphidic Western Gotland Basin (Piontek et al. 2019). 
Hence, Piontek et al. (2019) suggest that removal of H2S has a stronger impact on 
bacterial organic matter remineralisation rates than does the intrusion of O2.  

In recent years, the O2 consumption rates in the water columns have increased 
following MBIs, which has been suggested to be a result of eutrophication (Meier et al. 
2018b). There is now more organic matter in the surface water that is being mixed with 
the inflowing water as the MBIs pass through the sills and move toward the Eastern 
Gotland Basin, which causes O2 consumption rates to increase. Thus, the inflows now 
seem less efficient at oxygenating the deep Baltic Proper. 

 
Nitrogen 

During periods of stagnation and O2 depletion, nitrification is absent from the deep 
parts of the Baltic Proper and NH4+ accumulates below the halocline (Figure 15; SMHI 
2021). Following oxygenated inflows, water column nitrification is stimulated and NH4+ 
concentrations decrease while NO3- and N2O concentrations increase (Walter et al. 2006; 
Myllykangas et al. 2017). Elevated N2O concentrations were also observed close to the 
seafloor in the Eastern Gotland Basin as the area returned to anoxia after the 2015 MBI, 
with one measurement as high as 877 nM N2O (Myllykangas et al. 2017; Broman et al. 
2020). These findings suggests that sedimentary processes, either nitrification or 
denitrification (or both) are contributing to N2O formation following MBIs.  

The partitioning between NO3- reduction processes in the water column is also affected 
by MBIs. After the 2003 inflow, Hannig et al. (2007) observed a shift from denitrification 
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to anammox at the redoxcline. Chemoautotrophic denitrification is sustained by the 
narrow overlap of NO3- from the surface layer and H2S from the bottom during stagnation 
periods, but after the 2003 inflow the redoxcline re-established without an overlap of 
NO3- and H2S (Hannig et al. 2007). It was suggested that anammox was favoured in the 
H2S-free zone that occurred as manganese oxides formed by the inflow oxidised H2S. 

Despite oxygenation of the bottom water, the sedimentary NH4+ efflux in the deep 
Baltic Proper did not decrease after the 2015 MBI (Hall et al. 2017; Sommer et al. 2017). 
However, bottom water NO3- concentrations increased from <0.5 µM to about 10 µM (Hall 
et al. 2017), enabling a sedimentary NO3- uptake (Hall et al. 2017; Sommer et al. 2017). 
Sedimentary denitrification and DNRA were detected, with DNRA accounting for > 50 % 
of the NO3- reduction (Hall et al. 2017). Although sedimentary denitrification removed 
fixed nitrogen in the newly oxygenated sediments, calculations by Hall et al. (2017) 
suggest that water column denitrification removed in total 8 times more fixed nitrogen 
at the second oxycline that forms after MBIs (Figure 15).  

 
Metals and phosphorus 

The redox sensitive elements manganese and iron are strongly impacted by MBIs, and 
their cycles in turn affect other elements. Lateral transport (shuttling) brings manganese 
and iron oxides to the deeper parts of the Eastern Gotland Basin where they are reduced 
to Mn2+ and Fe2+ during stagnant, anoxic periods (Dellwig et al. 2010; Turnewitsch and 
Pohl 2010). While Fe2+ precipitates with H2S as iron sulphide, Mn2+ accumulates below 
the halocline and reaches concentrations ~10 times higher than those of Fe2+ 
(Turnewitsch and Pohl 2010). Following MBIs, the concentrations of Mn2+ and Fe2+ 
initially decrease by >90% (Turnewitsch and Pohl 2010; Dellwig et al. 2021). The 
decrease is partly caused by displacement of water masses, but also by oxidation to 
particulate manganese and iron oxides by O2 in the inflowing water (Turnewitsch and 
Pohl 2010; Hermans et al. 2019; Dellwig et al. 2021). The oxides are eventually deposited 
on the seafloor, with ~10-20 times more manganese oxides than iron oxides on a molar 
basis, reflecting the water column concentration of Mn2+ and Fe2+ during stagnation 
periods (Hermans et al. 2019; van de Velde et al. 2020b; Dellwig et al. 2021). Due to high 
fluxes of H2S from the deeper sediment, oxides deposited on the sediment surface are 
rapidly reduced (Dellwig et al. 2018; Hermans et al. 2019; van de Velde et al. 2020b), 
resulting in high sediment-water fluxes of Mn2+ but retention of a large fraction of the 
Fe2+ as iron-sulphide minerals following MBIs (van de Velde et al. 2020b). 

During stagnation periods, DIP accumulates in the water column below the halocline 
of the Eastern Gotland Basin (Turnewitsch and Pohl 2010; SMHI 2021). Concentrations 
of DIP in the water column drop considerably after MBIs (Turnewitsch and Pohl 2010; 
Hermans et al. 2019; SMHI 2021). Over 85% of the DIP is removed by water displacement 
(Eilola et al. 2014; Hermans et al. 2019), but the DIP fluxes from the sediment also 
decrease, or in some cases turn into an uptake, following oxygenation and appearance of 
manganese and iron oxides at the sediment-water interface (Hall et al. 2017; Sommer et 
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medium-term effect of MBIs is generally that O2 depletion spreads to a larger area, before 
mixing starts to erode and deepen the halocline (Conley et al. 2002; Meier et al. 2017).  
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The displacement of water during MBIs brings nutrients to the surface, which could 
support larger than average phytoplankton blooms. However, modelling has suggested 
that the extra contribution of nutrients due to MBIs is relatively small since there is 
extensive vertical nutrient transport also without MBIs (Eilola et al. 2014). In agreement 
with this study, no increases in primary production were observed in the Eastern Gotland 
Basin after the 2015 inflow (Johansen and Skjevik, 2016-2017).  
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al. 2017). Sommer et al. (2017) and Hall et al. (2017) showed that the 2015 MBI led to a 
decrease in the sedimentary DIP release of 5-23% on a basin-wide scale. One year after 
the 2015 MBI, a sedimentary phosphorus excess of 12 mmol m-2 had accumulated in the 
sediment in the deeper parts of the Eastern Gotland Basin (Hermans et al. 2019). It has 
been hypothesised that vivianite formation could be promoted after inflows, since 
deposition and subsequent reduction of iron oxides during MBIs would lead to elevated 
Fe2+ and DIP concentrations in the sediment (Reed et al. 2016). However, a low 
sedimentary ratio (~1) between iron oxides and newly retained phosphorus after the 
2015 MBI suggested that retention of DIP through adsorption onto iron oxides was low 
(Hermans et al. 2019), indicating that vivianite formation would be limited. Instead, solid 
phase data suggest that manganese minerals (oxides and carbonates) were important 
adsorption sites for DIP (Hermans et al. 2019). Furthermore, there was a gradual 
transition from Mn(II) carbonates with associated phosphorus at the surface sediment, 
to Mn(II) phosphates (hureaulite) a few mm further down in the sediment. The stability 
of these compounds in sulphidic sediments, and thereby their capacity to retain 
phosphorus, is however not known.  
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3 Aim of thesis 
Eutrophication and O2 depletion are increasing in coastal environments worldwide 

(Altieri and Gedan 2015; Sinha et al. 2017; Breitburg et al. 2018). Although we know 
much about the processes that cause eutrophication, we lack detailed and mechanistic 
knowledge about many of the feedback mechanisms that keep systems in a eutrophic 
state (Cloern 2001; Carstensen et al. 2011). Methods to mitigate coastal eutrophication 
are being developed, but the response of systems to restoration efforts are in many cases 
unclear (Kemp et al. 2009).  

The aim of this thesis is to use the Baltic Sea as a case study to investigate the role of 
sediments in feedback mechanisms that regulate coastal eutrophication. Specifically, the 
thesis will (1) identify factors that affect the efficiency of the sediment as a sink for 
organic matter, nitrogen and phosphorus (paper I, II and III), (2) determine the response 
of the benthic nitrogen and phosphorus cycles to natural oxygenation (paper II and III), 
and (3) evaluate mussel farming as a tool to mitigate eutrophication, with focus on the 
impact on the sediment biogeochemistry (paper IV).  
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4 Main findings 
4.1 Paper I – Particle shuttling strongly affects the fate of organic carbon 

Several studies have investigated the burial rates of organic carbon and related 
compounds in the Baltic Sea (e.g., Emeis et al. 2000; Miltner and Emeis 2001; Leipe et al. 
2011; Josefson et al. 2012). However, less work has been done to quantify the recycling 
rates of sedimentary organic carbon (Schneider et al. 2002; Almroth-Rosell et al. 2009; 
Sommer et al. 2017). Recently, Nilsson et al. (2019) presented an organic carbon budget 
for the Baltic Sea, showing that the degradation rates of sedimentary organic carbon were 
considerably higher than previously thought. The study was based on DIC fluxes 
measured in situ with benthic chamber landers and sediment solid-phase carbon samples 
from 21 sites in the Baltic Sea. In paper I, we combined the data set from Nilsson et al. 
(2019) with measurements of sedimentary nitrogen content and chlorophyll a 
concentrations, to explore controls on organic carbon cycling. Specifically, we 
investigated how the organic matter origin (marine or terrestrial) and depositional 
setting (erosion-transport or accumulation bottoms) affected the fate of sedimentary 
organic carbon.  

The DIC fluxes increased with water depth (Figure 16a), showing that organic carbon 
degradation rates were higher in the central parts of the basins, likely due to focusing of 
material. Fine particles are regularly resuspended from areas shallower than ~60 m in 
the Baltic Sea (Danielsson et al. 2007). The continuous resuspension results in lateral 
transport, or shuttling, of material from these shallow erosion-transport bottoms to 
deeper accumulation bottoms (Christiansen et al. 2002; Almroth-Rosell et al. 2011; Leipe 
et al. 2011). Consistent with the shuttling hypothesis, the inventories of particulate 
organic carbon and chlorophyll a in the diagenetically most active part of the sediment 
increased with normalised water depth. 

Although the DIC fluxes increased with water depth on a Baltic Sea scale, there were 
large differences in rates between basins (Nilsson et al. 2019). Specifically, the DIC fluxes 
were considerably lower in the Gulf of Bothnia than in the Baltic Proper and Gulf of 
Finland, despite similar sedimentary particulate organic carbon inventories. The low 
carbon oxidation rates in the Gulf of Bothnia were likely a result of high concentrations 
of terrestrial organic matter. The burial efficiencies of organic carbon in the Gulfs of 
Bothnia and Finland were 10-20%, compared to 3.6 % in the Baltic Proper. The cause of 
the high burial efficiency in the Gulf of Finland is not obvious but could be related to 
physical protection of organic matter through association with mineral particles (from 
land) or enhanced preservation of organic matter in O2 depleted environments (Bianchi 
et al. 2018; LaRowe et al. 2020). Hence, the reactivity of organic matter seemed more 
important in determining organic matter degradation rates than quantity.  
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Figure 16. Fluxes and burial rates against normalised water depth (station depth divided with the maximum depth of 
the basin). The normalised water depths ranged from zero (water surface) to one (maximum depth of basin), which 
allows comparison of data from different basins. BP = Baltic Proper, GOB = Gulf of Bothnia, GOF = Gulf of Finland. a) 
Fluxes of DIC, DIN and DIP measured with the Gothenburg benthic chamber landers (Almroth-Rosell et al. 2009; 
Viktorsson et al. 2012, 2013; Nilsson et al. 2019; unpublished data). Black circles around DIC fluxes show 
measurements conducted in the Western Gotland Basin after the publication of paper I and Nilsson et al. (2019), and a 
coastal station in the GOB not included in the original data set. b) Burial rates of organic carbon (C) and total nitrogen 
(N) and phosphorus (P) (Viktorsson et al. 2012, 2013; Bonaglia et al. 2017; Nilsson et al. 2019; unpublished data). 

Assuming steady state conditions, a simple sedimentary organic carbon budget was 
calculated to estimate the importance of particle shuttling. The deposition of organic 
carbon on the sediment surface was calculated by summarising the DIC efflux and the 
organic carbon burial. This number was then compared to literature estimates of marine 
export production, i.e., how much material is expected to settle on the seafloor (Nilsson 
et al. 2019 and references therein). In the Baltic Proper, the marine export production at 
shallow erosion-transport bottoms was almost twice as high as the calculated deposition. 
However, at the deep accumulation bottoms, the calculated deposition was higher than 
the marine export production, and the “extra” deposition was approximately equal to the 
material “missing” from erosion-transport bottoms. Hence, about half of the primary 
production that reaches the sediments in shallow areas of the Baltic Proper is 
resuspended and shuttled toward the central basin. In the Gulf of Bothnia, the calculated 
deposition rates were an order of magnitude higher than the marine export production. 
This discrepancy may partly be due to few stations in the basin. However, it could also 
point to underestimated primary production rates in the basin, as well as a high 
contribution of terrestrial organic carbon from rivers to the sedimentary organic carbon 
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deposition. There was a smaller discrepancy between the marine export production and 
the calculated particulate organic carbon deposition in the Gulf of Finland, but the budget 
still suggests that riverine material contributes to the sedimentary particulate organic 
carbon deposition.  

In conclusion, our results show that particle shuttling is an important process in the 
major basins of the Baltic Sea. Shuttling redistributes organic carbon of different ages, 
from both marine and terrestrial origin, and transport material toward deposition 
centres in the deeper parts of the basins. Since the reactivity of organic matter depends 
both on the nature of the compound and its environment (Arndt et al. 2013; Bianchi et al. 
2018; LaRowe et al. 2020), particle shuttling will have a strong effect on the pattern of 
degradation and burial of organic carbon. 
 
4.2 Papers II and III – long-term effects of major Baltic inflows 

Although several studies have investigated the immediate outcomes of MBIs (section 
2.3.3), the long-term effects of these inflows have not been clearly defined. Following the 
2015 MBI, we conducted yearly samplings in 2016-2018 at four stations in the Eastern 
Gotland Basin: one permanently oxic reference station (A) and three stations that were 
oxygenated by the MBI or following minor inflows in 2016-2017 (D, E and F; Figure 17a). 
We measured sediment-water solute fluxes and NO3- reduction rates in situ with the 
Gothenburg benthic chamber landers, and collected sediment samples in which we 
measured pore water concentrations of DIP and DIN as well as solid-phase carbon, 
nitrogen and phosphorus. Results from these samplings were combined with data from 
2008, 2010 (Viktorsson et al. 2013; Nilsson et al. 2019) and 2015 (Hall et al. 2017). Thus, 
we constructed a unique timeline of the effects on biogeochemical cycles from before 
until after the inflow.  

Figure 17. a) Stations visited following the 2015 MBI. b) Bottom water O2 concentrations during the MBI and following 
inflows. Oxygen concentrations at permanently oxic station A (60 m depth) was 100-345 µM. 

4.2.1 Paper II – Benthic phosphorus cycling after the 2015 MBI 
In paper II, we investigated whether the 2015 MBI would lead to long-term 

phosphorus sequestration in the sediment. Studies right after the inflow had shown that 
the sedimentary DIP release decreased or turned into an uptake as newly formed iron 
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and manganese oxides in the sediment retained DIP (Figure 18; Hall et al. 2017; Sommer 
et al. 2017; Hermans et al. 2019). Consistent with those studies, we found that an 
additional 4.6-29 mmol m-2 of phosphorus had been retained by adsorption to iron and 
manganese oxides in the sediment in 2016. However, between 2016 and 2017 the bottom 
water O2 was consumed, and the sedimentary inventory of newly retained phosphorus 
decreased by 26-73%. Solid-phase sediment samples showed no concomitant increase in 
other phosphorus fractions (such as apatite), which strongly suggest that the sequestered 
phosphorus had escaped to the water column rather than transitioned into a stable burial 
phase. 

The sedimentary DIP release was indeed 
elevated in 2016-2017 compared to before 
the inflow (2008 and 2010; Figure 18), but 
the DIC:DIP flux ratio did not decrease below 
what is normally observed in the Eastern 
Gotland Basin. It is therefore unlikely that 
release of DIP from iron and manganese 
oxides was a major contributor to the 
elevated DIP flux. Intriguingly, the 
sedimentary release of several biogenic 
compounds (DIC, DIN, DIP, dissolved silica 
(DSi)) temporarily increased in the years 
after the inflow and peaked in 2016 before 
decreasing to pre-MBI values in 2018 (Figure 
18). The co-variation in fluxes suggests that 
they were regulated by a factor common to 
all these species: degradation of organic 
matter.  

The temporarily elevated degradation 
rates were likely caused by an increased 
organic matter input to the sediment. As the 
MBI moved toward the central basin, the 
turbidity increased along the slopes 
(Schmale et al. 2016), suggesting that sedimentary material was resuspended. Since the 
speed of the gravity current was higher than current speeds generally observed in the 
area (Hagen and Feistel 2004; Schmale et al. 2016), it is possible that more intense 
resuspension than normal occurred (Danielsson et al. 2007). Hence, increased lateral 
transport of organic matter was likely the main cause behind the elevated solute fluxes 
observed after the MBI.  

The transient increase in sedimentary organic matter degradation caused an elevation 
of the sedimentary DIP release in the years after the MBI. Compared to a scenario without 
MBI, the total release of DIP from the sediment was 56-112% higher over the three years 

Figure 12. Sediment-water fluxes (mmol m-2 d-1) 
measured at 210 m depth in the Eastern Gotland Basin 
(station F).  
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after the inflow. Yet it is not clear whether the increased sedimentary DIP release affected 
the water column DIP pool. The elevated DIP release was most likely a result of increased 
organic matter input due to sediment resuspension during the MBI, in which case 
material would have been relocated from shallow to deep areas, but the basin-wide DIP 
release would have remained the same. However, the MBI seem to have led to enhanced 
resuspension, exposure of organic matter to O2, and mixing of old and new material, 
which could have induced priming. It is thus possible that the inflow induced degradation 
of material that would otherwise have been buried, thereby causing a basin-wide 
increase in the total sedimentary DIP release.  

 
4.2.2 Paper III – Benthic nitrogen cycling after the 2015 MBI 

In paper III, we investigated whether the 2015 MBI stimulated NO3- reduction in the 
previously long-term anoxic sediments and how the partitioning between denitrification, 
anammox and DNRA affected the fate of fixed nitrogen. The sedimentary uptake of NO3- 
measured in the newly-oxygenated area shortly after the inflow (Hall et al. 2017; Sommer 
et al. 2017) continued as long as there was NO3- in the bottom water. Denitrification and 
DNRA were measured at all stations, while anammox was not detected. At the 
permanently oxic station, where the sedimentary organic carbon content was low 
(<1.3%), denitrification accounted for >90% of NO3- reduction. Conversely, 
denitrification and DNRA were equally important at the newly oxygenated stations, 
where the sedimentary organic carbon content was high (8-12%) and pore water H2S 
was detected close to the sediment surface. These results followed the generally observed 
pattern that DNRA is important in reduced systems with high availability of electron 
donors (e.g. organic matter and H2S) relative to NO3- (section 2.1.1; Giblin et al. 2013; 
Kessler et al. 2018).  

While N2 was the only product of denitrification at the permanently oxic station, 41-
88% of denitrification at the newly-oxygenated stations ended at N2O. At these stations, 
the sedimentary DIC release was positively correlated with the fraction of denitrification 
ending at N2O. Since H2S inhibits the last step of denitrification (reduction of N2O to N2; 
Sørensen et al. 1980; Senga et al. 2006), the N2O production may result from a more 
reduced environment at the newly-oxygenated stations.  

The NO3- reduction rates at the newly-oxygenated stations were low compared to 
other Baltic Sea areas with low bottom water O2 concentrations and high sedimentary 
organic matter content (Jäntti and Hietanen 2012; Bonaglia et al. 2014; Hellemann et al. 
2020). Low bottom water NO3- concentrations and a high sedimentary NH4+ efflux 
indicated that nitrification was limited, which in turn may have led to a lack of NO3- for 
denitrification and DNRA. The sedimentary release of NH4+ was an order of magnitude 
higher than the NO3- reduction rates, and the denitrification efficiency (fraction of DIN + 
N2 + N2O flux removed through denitrification; Eyre and Ferguson 2002) was <2.5% at 
the newly oxygenated stations compared to 9.1-75% at the permanently oxic station. In 
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conclusion, although the MBI did initiate NO3- reduction, removal of bioavailable nitrogen 
through denitrification was of minor importance.  

 
4.3 Paper IV – The effect of mussel farming on sedimentary processes 

Mussel farming has been suggested as a way to extract nutrients from the Baltic Sea 
(Gren et al. 2009; Kotta et al. 2020), although the idea has been criticised for causing 
environmental damage (Stadmark and Conley 2011) and not being a cost-effective 
nutrient abatement method (Hedberg et al. 2018). Several studies have addressed the 
impact of well-established mussel farms on the underlying sediment (e.g., Christensen et 
al. 2003; Carlsson et al. 2009; Alonso-Pérez et al. 2010; Nizzoli et al. 2011). Yet if mussel 
aquaculture is to be used for eutrophication mitigation purposes, knowledge is needed 
about the effects on the sediment during the early stages of operation. In paper IV, we 
investigated how a newly established mussel farm affected the sediment-water nutrient 
exchange during the first year of operation. The mussel farm and a reference site were 
situated in a 12 m deep area in As Vig, eastern Denmark. The sites were visited four times: 
June 2017 (before mussel settling), July 2018 (after mussel settling), October 2018 
(maximum mussel biomass) and February 2019 (after harvest).  

The sedimentary release of NH4+, NO2- and DIP were higher in the farm compared to 
the reference station. However, these effects were smaller than observed in bivalve farms 
which had been active for longer (Christensen et al. 2003; Carlsson et al. 2009; Alonso-
Pérez et al. 2010; Nizzoli et al. 2011), where the impact on the sediment might be greater. 
Instead, our results agreed with Holmer et al. (2015), who showed that the impact of 
mussel farming on the sediment is small during the first year of operation. Increased NH4+ 
fluxes at the farm indicated that the nitrifying capacity of the microbial community did 
not increase at the same rate as the production of NH4+ from organic matter. We also 
observed an increase in DNRA rates at the farm, consistent with DNRA being favoured in 
organic-rich and more reduced conditions (Christensen et al. 2000; Giblin et al. 2013; 
Hardison et al. 2015). Despite the increased rates, DNRA still only accounted for 1-10% 
of the NH4+ production at the farm. Since the sedimentary NH4+ release increased without 
a corresponding increase in denitrification, the removal of bioavailable nitrogen was less 
efficient underneath the farm, where the denitrification efficiency was 6% compared to 
12% at the reference station. 

Higher concentrations of chlorophyll a and fucoxanthin at the reference station 
indicated a higher prevalence of benthic microalgae than at the farm (Sundbäck et al. 
2004; De Jonge et al. 2019). The illuminance at the seafloor was lower at the farm, 
suggesting that the benthic microalgae might have been negatively affected by shading 
(Fogarty et al. 2018). The differences in microalgae abundance may have affected the 
sediment-water nutrient exchange at the farm and reference station. Benthic microalgae 
can decrease the sedimentary nutrient efflux by taking up nutrients directly, but they also 
produce O2 and thereby increase the sedimentary retention and removal of nutrients. Our 



40 

after the inflow. Yet it is not clear whether the increased sedimentary DIP release affected 
the water column DIP pool. The elevated DIP release was most likely a result of increased 
organic matter input due to sediment resuspension during the MBI, in which case 
material would have been relocated from shallow to deep areas, but the basin-wide DIP 
release would have remained the same. However, the MBI seem to have led to enhanced 
resuspension, exposure of organic matter to O2, and mixing of old and new material, 
which could have induced priming. It is thus possible that the inflow induced degradation 
of material that would otherwise have been buried, thereby causing a basin-wide 
increase in the total sedimentary DIP release.  

 
4.2.2 Paper III – Benthic nitrogen cycling after the 2015 MBI 

In paper III, we investigated whether the 2015 MBI stimulated NO3- reduction in the 
previously long-term anoxic sediments and how the partitioning between denitrification, 
anammox and DNRA affected the fate of fixed nitrogen. The sedimentary uptake of NO3- 
measured in the newly-oxygenated area shortly after the inflow (Hall et al. 2017; Sommer 
et al. 2017) continued as long as there was NO3- in the bottom water. Denitrification and 
DNRA were measured at all stations, while anammox was not detected. At the 
permanently oxic station, where the sedimentary organic carbon content was low 
(<1.3%), denitrification accounted for >90% of NO3- reduction. Conversely, 
denitrification and DNRA were equally important at the newly oxygenated stations, 
where the sedimentary organic carbon content was high (8-12%) and pore water H2S 
was detected close to the sediment surface. These results followed the generally observed 
pattern that DNRA is important in reduced systems with high availability of electron 
donors (e.g. organic matter and H2S) relative to NO3- (section 2.1.1; Giblin et al. 2013; 
Kessler et al. 2018).  

While N2 was the only product of denitrification at the permanently oxic station, 41-
88% of denitrification at the newly-oxygenated stations ended at N2O. At these stations, 
the sedimentary DIC release was positively correlated with the fraction of denitrification 
ending at N2O. Since H2S inhibits the last step of denitrification (reduction of N2O to N2; 
Sørensen et al. 1980; Senga et al. 2006), the N2O production may result from a more 
reduced environment at the newly-oxygenated stations.  

The NO3- reduction rates at the newly-oxygenated stations were low compared to 
other Baltic Sea areas with low bottom water O2 concentrations and high sedimentary 
organic matter content (Jäntti and Hietanen 2012; Bonaglia et al. 2014; Hellemann et al. 
2020). Low bottom water NO3- concentrations and a high sedimentary NH4+ efflux 
indicated that nitrification was limited, which in turn may have led to a lack of NO3- for 
denitrification and DNRA. The sedimentary release of NH4+ was an order of magnitude 
higher than the NO3- reduction rates, and the denitrification efficiency (fraction of DIN + 
N2 + N2O flux removed through denitrification; Eyre and Ferguson 2002) was <2.5% at 
the newly oxygenated stations compared to 9.1-75% at the permanently oxic station. In 
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conclusion, although the MBI did initiate NO3- reduction, removal of bioavailable nitrogen 
through denitrification was of minor importance.  

 
4.3 Paper IV – The effect of mussel farming on sedimentary processes 

Mussel farming has been suggested as a way to extract nutrients from the Baltic Sea 
(Gren et al. 2009; Kotta et al. 2020), although the idea has been criticised for causing 
environmental damage (Stadmark and Conley 2011) and not being a cost-effective 
nutrient abatement method (Hedberg et al. 2018). Several studies have addressed the 
impact of well-established mussel farms on the underlying sediment (e.g., Christensen et 
al. 2003; Carlsson et al. 2009; Alonso-Pérez et al. 2010; Nizzoli et al. 2011). Yet if mussel 
aquaculture is to be used for eutrophication mitigation purposes, knowledge is needed 
about the effects on the sediment during the early stages of operation. In paper IV, we 
investigated how a newly established mussel farm affected the sediment-water nutrient 
exchange during the first year of operation. The mussel farm and a reference site were 
situated in a 12 m deep area in As Vig, eastern Denmark. The sites were visited four times: 
June 2017 (before mussel settling), July 2018 (after mussel settling), October 2018 
(maximum mussel biomass) and February 2019 (after harvest).  

The sedimentary release of NH4+, NO2- and DIP were higher in the farm compared to 
the reference station. However, these effects were smaller than observed in bivalve farms 
which had been active for longer (Christensen et al. 2003; Carlsson et al. 2009; Alonso-
Pérez et al. 2010; Nizzoli et al. 2011), where the impact on the sediment might be greater. 
Instead, our results agreed with Holmer et al. (2015), who showed that the impact of 
mussel farming on the sediment is small during the first year of operation. Increased NH4+ 
fluxes at the farm indicated that the nitrifying capacity of the microbial community did 
not increase at the same rate as the production of NH4+ from organic matter. We also 
observed an increase in DNRA rates at the farm, consistent with DNRA being favoured in 
organic-rich and more reduced conditions (Christensen et al. 2000; Giblin et al. 2013; 
Hardison et al. 2015). Despite the increased rates, DNRA still only accounted for 1-10% 
of the NH4+ production at the farm. Since the sedimentary NH4+ release increased without 
a corresponding increase in denitrification, the removal of bioavailable nitrogen was less 
efficient underneath the farm, where the denitrification efficiency was 6% compared to 
12% at the reference station. 

Higher concentrations of chlorophyll a and fucoxanthin at the reference station 
indicated a higher prevalence of benthic microalgae than at the farm (Sundbäck et al. 
2004; De Jonge et al. 2019). The illuminance at the seafloor was lower at the farm, 
suggesting that the benthic microalgae might have been negatively affected by shading 
(Fogarty et al. 2018). The differences in microalgae abundance may have affected the 
sediment-water nutrient exchange at the farm and reference station. Benthic microalgae 
can decrease the sedimentary nutrient efflux by taking up nutrients directly, but they also 
produce O2 and thereby increase the sedimentary retention and removal of nutrients. Our 
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results thus suggest that loss of microalgae underneath mussel farms could result in a 
decreased nutrient filter efficiency (Christensen et al. 2003).  

When integrated over the production period and area affected by mussel 
biodeposition, the total releases of DIP and DIN were 5.1 and 4.3 times higher at the farm 
than at the reference station. The sedimentary release of DIP and DIN corresponded to 
248% of the phosphorus and 35% of the nitrogen removed through harvest of the 
mussels. There are large uncertainties in these estimates and they should only be 
interpreted as general trends, yet they evoke questions as to the effect of mussel farming 
on an ecosystem scale. Our results show that sedimentary nutrient cycling under mussel 
farms can be negatively affected already during the first year of operation. The increased 
benthic recycling of nutrients underneath mussel farms can counteract attempts to 
mitigate eutrophication, but several factors will affect the total impact of the farm on the 
ecosystem. However, the enhanced sedimentary phosphorus recycling observed at the 
farm indicates that other mitigation techniques may be more suitable in phosphorus-
limited systems, such as the Baltic Sea. 

 

5 Environmental implications 
5.1 Particle shuttling affect the fates of nitrogen and phosphorus 

Fluxes of DIN and DIP measured concomitant with the DIC fluxes in paper I (Almroth-
Rosell et al. 2009; Viktorsson et al. 2012, 2013; Hylén et al., in preparation) also reflect 
particle shuttling by increasing with normalised water depth (Figure 16a). Whereas the 
burial rates of carbon and nitrogen mirrored each other and increased with normalised 
water depth, a different pattern was seen in the burial rates of phosphorus (Figure 16b). 
In the Gulf of Bothnia, the phosphorus burial rates per area unit were considerably higher 
than in the Baltic Proper and the Gulf of Finland. Interestingly, the discrepancy in burial 
rates between stations in the Gulf of Bothnia and permanently oxic stations in the other 
two basins suggests that the O2 conditions are not the only factor affecting phosphorus 
burial. A recent survey based on sediment samples from large parts of the Baltic Sea 
showed a positive trend between high sedimentary iron concentrations and phosphorus 
retention in the sediment (Josefsson et al. 2020). The sedimentary iron concentrations 
are indeed higher in the open Gulf of Bothnia than in offshore sediments of the Baltic 
Proper and Gulf of Finland (Josefsson et al. 2020).  

The riverine input of iron from Swedish rivers has increased since the 1970s 
(Kritzberg and Ekström 2012), yet iron transport to the deeper parts of the Baltic Proper 
has decreased over the last few decades (Lenz et al. 2015a). The cause seems to be the 
spread of O2-depletion also in shallow areas, which has increased the iron sulphide 
formation and increased the trapping of iron closer to the coast (Lenz et al. 2015b; 
Łukawska-Matuszewska et al. 2019). It has been suggested that low iron concentrations 
limit phosphorus burial in oxygenated offshore sediments, and that the lack of iron would 
lead to low sequestration of phosphorus upon oxygenation of the anoxic sediment areas 
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(Josefsson et al. 2020). The possible feedback between changes in the O2-depleted area, 
iron shuttling and sedimentary phosphorus sequestration should thus be investigated 
further, as it might be a key reason for the sustained eutrophic conditions in the Baltic 
Sea.  

Although wind-induced disturbance is a primary cause of sediment resuspension and 
shuttling in shallow areas (Danielsson et al. 2007), anthropogenic activities can also 
cause substantial resuspension. Ships create turbulence and can cause stronger or more 
persistent sediment resuspension than wind and tides, potentially resulting in the 
displacement of large amounts of sediment (Soomere et al. 2009; Clarke et al. 2015; 
Rapaglia et al. 2015). In the Baltic Sea, ships have been shown to resuspend sediment 
down to water depths of 30 m (Soomere and Kask 2003; Nylund et al. 2021). 
Furthermore, trawling – the dragging of heavy gear and nets across the seafloor - 
substantially increases the transport of particles from shallower to deeper areas (Paradis 
et al. 2017, 2018). Evidence also suggests that trawling can increase the organic matter 
degradation rates and sedimentary nutrient release in the trawl tracks (van de Velde et 
al. 2018; Paradis et al. 2019; Morys et al. 2021), but papers I-III indicate that resuspended 
material could affect biogeochemical processes beyond the defined shipping or trawling 
areas, at the site of redeposition. Since areas shallower than 30 m comprise about 40% of 
the seafloor in the Baltic Sea (Jakobsson et al. 2019) and large parts of the southern Baltic 
Proper are trawled 3-30 times per year (ICES 2017), these processes could affect the 
particle shuttling considerably. Sediment shuttling caused by shipping and trawling 
occurs in many other systems worldwide (Clarke et al. 2015; Rapaglia et al. 2015; Paradis 
et al. 2017, 2018) and may enhance the organic matter degradation and sedimentary 
release of bioavailable nutrients. In eutrophic systems, such as the Baltic Sea, trawling-
induced sedimentary nutrient release could sustain eutrophication (Morys et al. 2021). 
In systems with lower sedimentary organic matter content, trawling may increase 
organic matter degradation and lower the carbon burial (van de Velde et al. 2018; Paradis 
et al. 2019). Therefore, the effect of particle shuttling induced by shipping and trawling 
on biogeochemical cycling deserves further investigation. 

 
5.2 System effects of MBIs 

In papers II and III, we investigated whether natural oxygenation of long-term anoxic 
sediments would increase the sedimentary removal of bioavailable phosphorus and 
nitrogen. Our results show that although the sediment retained DIP and denitrification 
was initiated immediately after the 2015 MBI, the effects were low and were reversed 
after only a few months when the O2 from the inflow had been consumed. Furthermore, 
we observed a temporary elevation of the sedimentary organic matter degradation in the 
years after the MBI. This increased the total sedimentary DIP release following the inflow, 
contrary to previous assumptions, as well as the release of NH4+.  

 It has long been recognised that MBIs strengthen the water column stratification and 
thereby spread hypoxia and anoxia to larger areas (Gerlach 1994; Conley et al. 2002; 
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results thus suggest that loss of microalgae underneath mussel farms could result in a 
decreased nutrient filter efficiency (Christensen et al. 2003).  

When integrated over the production period and area affected by mussel 
biodeposition, the total releases of DIP and DIN were 5.1 and 4.3 times higher at the farm 
than at the reference station. The sedimentary release of DIP and DIN corresponded to 
248% of the phosphorus and 35% of the nitrogen removed through harvest of the 
mussels. There are large uncertainties in these estimates and they should only be 
interpreted as general trends, yet they evoke questions as to the effect of mussel farming 
on an ecosystem scale. Our results show that sedimentary nutrient cycling under mussel 
farms can be negatively affected already during the first year of operation. The increased 
benthic recycling of nutrients underneath mussel farms can counteract attempts to 
mitigate eutrophication, but several factors will affect the total impact of the farm on the 
ecosystem. However, the enhanced sedimentary phosphorus recycling observed at the 
farm indicates that other mitigation techniques may be more suitable in phosphorus-
limited systems, such as the Baltic Sea. 

 

5 Environmental implications 
5.1 Particle shuttling affect the fates of nitrogen and phosphorus 

Fluxes of DIN and DIP measured concomitant with the DIC fluxes in paper I (Almroth-
Rosell et al. 2009; Viktorsson et al. 2012, 2013; Hylén et al., in preparation) also reflect 
particle shuttling by increasing with normalised water depth (Figure 16a). Whereas the 
burial rates of carbon and nitrogen mirrored each other and increased with normalised 
water depth, a different pattern was seen in the burial rates of phosphorus (Figure 16b). 
In the Gulf of Bothnia, the phosphorus burial rates per area unit were considerably higher 
than in the Baltic Proper and the Gulf of Finland. Interestingly, the discrepancy in burial 
rates between stations in the Gulf of Bothnia and permanently oxic stations in the other 
two basins suggests that the O2 conditions are not the only factor affecting phosphorus 
burial. A recent survey based on sediment samples from large parts of the Baltic Sea 
showed a positive trend between high sedimentary iron concentrations and phosphorus 
retention in the sediment (Josefsson et al. 2020). The sedimentary iron concentrations 
are indeed higher in the open Gulf of Bothnia than in offshore sediments of the Baltic 
Proper and Gulf of Finland (Josefsson et al. 2020).  

The riverine input of iron from Swedish rivers has increased since the 1970s 
(Kritzberg and Ekström 2012), yet iron transport to the deeper parts of the Baltic Proper 
has decreased over the last few decades (Lenz et al. 2015a). The cause seems to be the 
spread of O2-depletion also in shallow areas, which has increased the iron sulphide 
formation and increased the trapping of iron closer to the coast (Lenz et al. 2015b; 
Łukawska-Matuszewska et al. 2019). It has been suggested that low iron concentrations 
limit phosphorus burial in oxygenated offshore sediments, and that the lack of iron would 
lead to low sequestration of phosphorus upon oxygenation of the anoxic sediment areas 
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(Josefsson et al. 2020). The possible feedback between changes in the O2-depleted area, 
iron shuttling and sedimentary phosphorus sequestration should thus be investigated 
further, as it might be a key reason for the sustained eutrophic conditions in the Baltic 
Sea.  

Although wind-induced disturbance is a primary cause of sediment resuspension and 
shuttling in shallow areas (Danielsson et al. 2007), anthropogenic activities can also 
cause substantial resuspension. Ships create turbulence and can cause stronger or more 
persistent sediment resuspension than wind and tides, potentially resulting in the 
displacement of large amounts of sediment (Soomere et al. 2009; Clarke et al. 2015; 
Rapaglia et al. 2015). In the Baltic Sea, ships have been shown to resuspend sediment 
down to water depths of 30 m (Soomere and Kask 2003; Nylund et al. 2021). 
Furthermore, trawling – the dragging of heavy gear and nets across the seafloor - 
substantially increases the transport of particles from shallower to deeper areas (Paradis 
et al. 2017, 2018). Evidence also suggests that trawling can increase the organic matter 
degradation rates and sedimentary nutrient release in the trawl tracks (van de Velde et 
al. 2018; Paradis et al. 2019; Morys et al. 2021), but papers I-III indicate that resuspended 
material could affect biogeochemical processes beyond the defined shipping or trawling 
areas, at the site of redeposition. Since areas shallower than 30 m comprise about 40% of 
the seafloor in the Baltic Sea (Jakobsson et al. 2019) and large parts of the southern Baltic 
Proper are trawled 3-30 times per year (ICES 2017), these processes could affect the 
particle shuttling considerably. Sediment shuttling caused by shipping and trawling 
occurs in many other systems worldwide (Clarke et al. 2015; Rapaglia et al. 2015; Paradis 
et al. 2017, 2018) and may enhance the organic matter degradation and sedimentary 
release of bioavailable nutrients. In eutrophic systems, such as the Baltic Sea, trawling-
induced sedimentary nutrient release could sustain eutrophication (Morys et al. 2021). 
In systems with lower sedimentary organic matter content, trawling may increase 
organic matter degradation and lower the carbon burial (van de Velde et al. 2018; Paradis 
et al. 2019). Therefore, the effect of particle shuttling induced by shipping and trawling 
on biogeochemical cycling deserves further investigation. 

 
5.2 System effects of MBIs 

In papers II and III, we investigated whether natural oxygenation of long-term anoxic 
sediments would increase the sedimentary removal of bioavailable phosphorus and 
nitrogen. Our results show that although the sediment retained DIP and denitrification 
was initiated immediately after the 2015 MBI, the effects were low and were reversed 
after only a few months when the O2 from the inflow had been consumed. Furthermore, 
we observed a temporary elevation of the sedimentary organic matter degradation in the 
years after the MBI. This increased the total sedimentary DIP release following the inflow, 
contrary to previous assumptions, as well as the release of NH4+.  

 It has long been recognised that MBIs strengthen the water column stratification and 
thereby spread hypoxia and anoxia to larger areas (Gerlach 1994; Conley et al. 2002; 
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Meier et al. 2017). However, after the 2015 MBI, the biogeochemical interplay between 
these inflows, eutrophication and O2 depletion have become clearer. First, eutrophication 
has made MBIs less efficient at oxygenating the system. More organic matter in the 
surficial Baltic Sea water that is mixed with the inflows causes higher O2 consumption 
and a faster return to anoxia after MBIs (Meier et al. 2018b). The inflows also cause 
resuspension of sedimentary material (Schmale et al. 2016), which is shuttled from 
shallower to deeper parts of the basin, where it elevates organic matter degradation rates 
and the release of nutrients (paper II and III). Since persistent eutrophication also has 
increased the organic matter content in the sediments of the Baltic Proper (Emeis et al. 
2000), it can be expected that the shuttled material has a higher O2 demand than that of 
a few decades ago.  

Second, eutrophication and long-term anoxia have decreased the sedimentary 
capacity to remove DIP and DIN. During stagnation periods, reduced substances such as 
NH4+ and H2S accumulate below the halocline and in the pore water, creating an O2 debt. 
Upon oxygenation, reduced species diffuse toward the surface of the strongly reduced 
sediments and prevent sedimentary removal of DIP and DIN (Hermans et al. 2019 paper 
II and III). However, since the inflows create a second oxycline in the water column where 
DIN can be removed by denitrification, the DIN:DIP ratio in the system is likely lowered 
even further (Figure 19). The sedimentary removal of iron also increases after MBIs (van 
de Velde et al. 2020b), which could decrease the capacity of the sediment to bind DIP 
during later oxygenation events. Hence, MBIs may drive the system toward stronger DIP 
domination. 

 

Figure 19. Conceptual figure of the biogeochemical effects of MBIs. The inflows increase the removal of nitrogen while 
the phosphorus removal is unchanged, which likely drives the system toward a lower DIN:DIP ratio. Orange polygons 
are iron oxides. 
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5.3 Sea-based eutrophication mitigation techniques in the Baltic Sea 
Due to the slow recovery from eutrophication, mitigation techniques that previously 

only have been used in small coastal systems have been suggested for the open Baltic Sea 
(Stigebrandt and Gustafsson 2007; Baresel et al. 2014; Kumblad and Rydin 2018). Several 
studies have addressed forced oxygenation by pumping as an option for the open Baltic 
Sea (Rantajärvi et al. 2012; Baresel et al. 2014; Stigebrandt 2018). When sedimentary 
trapping of phosphorus upon oxygenation is estimated, a more or less linear response 
has been assumed (Stigebrandt 2018; Stigebrandt and Andersson 2020). However, the 
likelihood of this trajectory should be questioned. Long-term O2 depletion in the Baltic 
system may have decreased the transport of iron oxides from near-coast areas to the 
open Baltic Proper sediments (Lenz et al. 2015a; Łukawska-Matuszewska et al. 2019), 
and decreased the phosphorus-binding capacity of the sediment (Josefsson et al. 2020). 
Although the effects of forced oxygenation and MBIs cannot be directly compared, the 
low sedimentary binding of phosphorus by iron oxides after the 2015 MBI (paper II; 
Hermans et al. 2019) indicates that iron might indeed be limiting. Forced oxygenation has 
been presented as a rapid, low-cost method to bind phosphorus in the sediment (Vahanen 
2018 and references therein). However, further investigations to determine the 
phosphorus-binding capacity of the sediments in the central Baltic Sea are required to 
evaluate whether the suggested costs and timelines are reasonable. A potential limitation 
of phosphorus-binding capacity in the sediment could be an argument for large-scale 
application of aluminium in the open Baltic Sea (Kumblad and Rydin 2018). Yet, 
aluminium treatment costs are high (Kumblad and Rydin 2018; Vahanen 2018), and more 
studies are needed to determine whether the method is safe and efficient in brackish and 
marine sediments (Rydin et al. 2017).  

While the efficiencies of sea-based techniques to mitigate eutrophication in the open 
Baltic Sea are uncertain (Rantajärvi et al. 2012), examples from around the world have 
shown good results in smaller coastal areas (section 2.2.3). The coastal filter has an 
important role in removing nutrients in the Baltic Sea (Asmala et al. 2017; Carstensen et 
al. 2020). However, eutrophication and O2 depletion have also spread in the coastal areas 
of the Baltic Sea (Conley et al. 2011; Caballero-Alfonso et al. 2015), which hampers the 
filtering efficiency of these systems. The application of sea-based techniques in coastal 
systems may be a cost-efficient method of combatting eutrophication (Kumblad and 
Rydin 2018). Restored coastal systems can increase the removal of nutrients from land 
but may also become sinks of nutrients from the open Baltic Sea (Almroth-Rosell et al. 
2016). The choice of mitigation technique must be based on the local conditions in each 
system and reflect the values of people living in the area. Forced oxygenation likely works 
well in iron-rich estuaries in the northern Baltic Proper. In contrast, mussel farming may 
be an option in the south-eastern Baltic Proper where coastal development demands a 
less visually intrusive mitigation technique and where the salinity and nutrient runoff 
from agriculture are higher. 
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Meier et al. 2017). However, after the 2015 MBI, the biogeochemical interplay between 
these inflows, eutrophication and O2 depletion have become clearer. First, eutrophication 
has made MBIs less efficient at oxygenating the system. More organic matter in the 
surficial Baltic Sea water that is mixed with the inflows causes higher O2 consumption 
and a faster return to anoxia after MBIs (Meier et al. 2018b). The inflows also cause 
resuspension of sedimentary material (Schmale et al. 2016), which is shuttled from 
shallower to deeper parts of the basin, where it elevates organic matter degradation rates 
and the release of nutrients (paper II and III). Since persistent eutrophication also has 
increased the organic matter content in the sediments of the Baltic Proper (Emeis et al. 
2000), it can be expected that the shuttled material has a higher O2 demand than that of 
a few decades ago.  

Second, eutrophication and long-term anoxia have decreased the sedimentary 
capacity to remove DIP and DIN. During stagnation periods, reduced substances such as 
NH4+ and H2S accumulate below the halocline and in the pore water, creating an O2 debt. 
Upon oxygenation, reduced species diffuse toward the surface of the strongly reduced 
sediments and prevent sedimentary removal of DIP and DIN (Hermans et al. 2019 paper 
II and III). However, since the inflows create a second oxycline in the water column where 
DIN can be removed by denitrification, the DIN:DIP ratio in the system is likely lowered 
even further (Figure 19). The sedimentary removal of iron also increases after MBIs (van 
de Velde et al. 2020b), which could decrease the capacity of the sediment to bind DIP 
during later oxygenation events. Hence, MBIs may drive the system toward stronger DIP 
domination. 

 

Figure 19. Conceptual figure of the biogeochemical effects of MBIs. The inflows increase the removal of nitrogen while 
the phosphorus removal is unchanged, which likely drives the system toward a lower DIN:DIP ratio. Orange polygons 
are iron oxides. 
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5.3 Sea-based eutrophication mitigation techniques in the Baltic Sea 
Due to the slow recovery from eutrophication, mitigation techniques that previously 

only have been used in small coastal systems have been suggested for the open Baltic Sea 
(Stigebrandt and Gustafsson 2007; Baresel et al. 2014; Kumblad and Rydin 2018). Several 
studies have addressed forced oxygenation by pumping as an option for the open Baltic 
Sea (Rantajärvi et al. 2012; Baresel et al. 2014; Stigebrandt 2018). When sedimentary 
trapping of phosphorus upon oxygenation is estimated, a more or less linear response 
has been assumed (Stigebrandt 2018; Stigebrandt and Andersson 2020). However, the 
likelihood of this trajectory should be questioned. Long-term O2 depletion in the Baltic 
system may have decreased the transport of iron oxides from near-coast areas to the 
open Baltic Proper sediments (Lenz et al. 2015a; Łukawska-Matuszewska et al. 2019), 
and decreased the phosphorus-binding capacity of the sediment (Josefsson et al. 2020). 
Although the effects of forced oxygenation and MBIs cannot be directly compared, the 
low sedimentary binding of phosphorus by iron oxides after the 2015 MBI (paper II; 
Hermans et al. 2019) indicates that iron might indeed be limiting. Forced oxygenation has 
been presented as a rapid, low-cost method to bind phosphorus in the sediment (Vahanen 
2018 and references therein). However, further investigations to determine the 
phosphorus-binding capacity of the sediments in the central Baltic Sea are required to 
evaluate whether the suggested costs and timelines are reasonable. A potential limitation 
of phosphorus-binding capacity in the sediment could be an argument for large-scale 
application of aluminium in the open Baltic Sea (Kumblad and Rydin 2018). Yet, 
aluminium treatment costs are high (Kumblad and Rydin 2018; Vahanen 2018), and more 
studies are needed to determine whether the method is safe and efficient in brackish and 
marine sediments (Rydin et al. 2017).  

While the efficiencies of sea-based techniques to mitigate eutrophication in the open 
Baltic Sea are uncertain (Rantajärvi et al. 2012), examples from around the world have 
shown good results in smaller coastal areas (section 2.2.3). The coastal filter has an 
important role in removing nutrients in the Baltic Sea (Asmala et al. 2017; Carstensen et 
al. 2020). However, eutrophication and O2 depletion have also spread in the coastal areas 
of the Baltic Sea (Conley et al. 2011; Caballero-Alfonso et al. 2015), which hampers the 
filtering efficiency of these systems. The application of sea-based techniques in coastal 
systems may be a cost-efficient method of combatting eutrophication (Kumblad and 
Rydin 2018). Restored coastal systems can increase the removal of nutrients from land 
but may also become sinks of nutrients from the open Baltic Sea (Almroth-Rosell et al. 
2016). The choice of mitigation technique must be based on the local conditions in each 
system and reflect the values of people living in the area. Forced oxygenation likely works 
well in iron-rich estuaries in the northern Baltic Proper. In contrast, mussel farming may 
be an option in the south-eastern Baltic Proper where coastal development demands a 
less visually intrusive mitigation technique and where the salinity and nutrient runoff 
from agriculture are higher. 
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6 Conclusions and future outlook 
In this thesis, I used the Baltic Sea as a study case to investigate the role of sediments 

in feedback mechanisms that drive coastal eutrophication. In papers I, II and III, I showed 
that shuttling redistributes sediment particles from shallow to deep parts of basins. Since 
the reactivity of organic matter depends both on the nature of the compound and its 
environment, particle shuttling will have a strong effect on the pattern of degradation and 
burial of organic carbon and associated elements. In paper II and III, I show that 
eutrophication and long-term anoxia decreases the sedimentary capacity to remove DIP 
and DIN. Brief, natural oxygenation events are not enough to break the feedback between 
eutrophication and hypoxia. In paper IV, I show that when placed in a suitable 
environment and monitored correctly, mussel farms only affect the sediment 
immediately beneath the farm mildly negatively. However, other techniques may be more 
efficient than mussel farming in terms of eutrophication mitigation. 

Decreased nutrient input in accordance with the BSAP should lead to substantially 
improved conditions in the Baltic Sea by the end of the century (Meier et al. 2018a; 
Saraiva et al. 2019; Wåhlström et al. 2020). Strong feedback mechanisms, such as internal 
redistribution of material, high levels of organic matter in the system, intense 
sedimentary recycling of nutrients and long-term changes in the chemical composition of 
the sediment, slow down the recovery from eutrophication. Although sea-based 
techniques to speed up the recovery have been suggested for the open Baltic Sea, the 
feasibility of methods need to be investigated further. A pertinent question is whether 
the iron content in offshore sediments is high enough to decrease the water-column 
phosphorus pool upon oxygenation substantially. Since actions are required 
immediately, remediation should be focused on coastal areas, which may decrease the 
nutrient input from land and subsequently become sinks for nutrients from the open 
Baltic Sea. For restoration to be efficient, local conditions and eutrophication history must 
be considered when choosing mitigation methods. 

Coastal and shelf systems are under increasing pressure from changes in climate, 
lifestyles and land use (Altieri and Gedan 2015; Grimvall et al. 2017; Breitburg et al. 
2018). Future studies will have to tackle interactions between these pressures on marine 
systems. The Baltic Sea has a long history of anthropogenic disturbances, and it has been 
argued that the area can be seen as a “time-machine” for future coastal and shelf oceans. 
However, it can be questioned how easily results from the Baltic Sea can be transferred 
to the rest of the world. An increasing amount of studies have shown that each system is 
unique and require actions adapted to local conditions (Cloern 2001; Carstensen et al. 
2011). Hence, experiences regarding eutrophication feedbacks and mitigation techniques 
from the Baltic Sea cannot necessarily be directly translated to other systems. However, 
the results presented in this thesis inform us about mechanisms that regulate 
eutrophication and can be used to find locally adapted solutions for systems worldwide. 
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